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ABSTRACT

The research investigates the effect of arsenic (As) partitioning and dynamics on the
assessment of the Natural Background Level (NBL) of this metalloid in selected target
aquifers of the Emilia-Romagna Region, Italy.

The application of global statistical methodologies highlighted that the analyzed
groundwater bodies are characterized by distinct responses (in space and time) in terms of
estimated NBLs. Estimated NBLs of target chemical species were found to (a) increase
with the average depth of the investigated water bodies and (b) display different temporal
dynamics within the observation time frame. Background concentrations are the result of
several factors, including physical and chemical processes taking place in the natural
environments which are typically not captured by global statistical methods. Experimental
activities have been performed to improve the understanding of mechanisms influencing
As NBLs. Experimental characterizations focus on (i) arsenic fractioning within different
solid matrices, and (ii) the effects of redox changes on arsenic mobility. A distinct
correlation between temporal dynamics of aerobic/anaerobic conditions and As release
was evidenced. The largest As release were observed from vegetal matter. The latter
releases As faster and with larger amounts than the other tested solid matrices. This
suggested that the high hot-spot As concentrations detected within Emilia-Romagna
aquifers could be consistent with the localized occurrence of vegetal matter which releases
arsenic as a consequence of redox changes. Geochemical modeling of experimental results
evidenced that (a) organic matter strongly affect pH and redox conditions, thus
influencing As speciation and mobility, (») large dissolved As concentrations should be
expected when the low crystallinity phases are subject to dissolution, (c¢) iron minerals
appear to govern As dynamics for short time scales while Mn phases can contribute
significantly to As release over long time scales of water/solid matrix interaction.

It is concluded that estimates of NBLs of chemical species such as arsenic need to be
performed by considering real field conditions to assure consistency with the hydro-geo-
chemical behavior of the tested aquifer.

Keywords: arsenic; natural background level; controlled redox conditions; natural aquifer
matrices; sequential extractions; geochemical modeling.



RIASSUNTO

I1 lavoro di ricerca ¢ focalizzato sullo studio degli effetti del partizionamento e delle
dinamiche di arsenico (As) sul livello di fondo naturale (NBL) di questo metalloide in
corpi acquiferi della Regione Emilia-Romagna, Italia.

L’applicazione di metodologie statistiche globali per la stima di NBL ha evidenziato il
diverso comportamento (nello spazio e nel tempo) dei corpi idrici sotterranei analizzati, in
termini di NBL stimate. Quest’ultime sono risultate (a) in aumento con la profondita
media dei corpi idrici indagati e (b) caratterizzate da diverse dinamiche temporali nel
periodo di monitoraggio analizzato. Le concentrazioni di fondo naturale sono il risultato di
diversi fattori che includono gli specifici processi fisici e chimici che si svolgono negli
ambienti naturali e che, in genere, non sono incorporati in metodi statistici globali. Diverse
attivita sperimentali sono state eseguite per migliorare la comprensione dei meccanismi
che influenzano il NBL dell’As. Le caratterizzazioni sperimentali hanno riguardato (i) il
frazionamento dell’arsenico all’interno di diverse matrici solide e (ii) gli effetti dei
cambiamenti redox sulla mobilita dell’arsenico. Una netta correlazione tra le dinamiche
temporali delle condizioni aerobiche/anaerobiche ed il rilascio di As ¢ stata evidenziata.
Le piu elevate concentrazioni di As sono state osservate nella sostanza vegetale associata
alla matrice solida del sistema, che rilascia I’arsenico piu velocemente e in quantita
maggiori rispetto alle altre matrici solide esaminate. Questo ha suggerito che le elevate
concentrazioni di As riscontrate negli acquiferi dell’Emilia-Romagna potrebbero essere
coerenti con la presenza localizzata di sostanza vegetale che rilascia il metalloide a seguito
delle dinamiche temporali delle condizioni redox. La modellazione geochimica dei
risultati sperimentali ha evidenziato che (a) la sostanza organica influenza
significativamente le condizioni redox e di pH, influenzando la speciazione e la mobilita
dell’As, (b) elevate concentrazioni di As in acqua sono da aspettarsi quando le fasi a bassa
cristallinita sono soggette a dissoluzione, (c¢) i minerali ferrosi sembrano governare le
dinamiche di As per brevi tempi scala, mentre le fasi di Mn sembrano contribuire in modo
significativo al rilascio dell’ As su lunghi tempi scala d’interazione acqua/matrice solida.

Si ¢ concluso che le stime di valori di NBL di specie chimiche come 1’arsenico devono
essere effettuate tenendo conto delle reali condizioni di campo per garantire la consistenza
delle stime con il comportamento idro-geo-chimico dell’acquifero in esame.

Parole chiave: arsenico; livello di fondo naturale; condizioni redox controllate; matrici
naturali; estrazioni sequenziali; modellazione geochimica.
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INTRODUCTION

The overall pressure load acting on the soil-water environment has dramatically
increased during the last decades due to the effect of anthropogenic activities. Changes in
land use, including urbanization, mining, and the disposal of liquid and solid wastes, has
caused an increase of the number of locations where concentrations of one or more
chemical species exceeding drinking water regulation thresholds are detected. At the same
time, chemical compounds might be associated with naturally large concentrations for
reasons which are only marginally related (or might even be unrelated) to human
activities. These large concentrations might be linked to specific local hydrogeochemical
processes taking place in the context of water-rock interactions because of the particular
geological composition of the host porous matrix. The application of remediation
techniques to restore these waters to a chemical state which can be considered as good
according to current regulations might not be possible under these conditions. These
actions can also be economically ineffective because it is unrealistic to set clean-up goals
that are below a threshold which can be considered as natural background level (NBL).

In this context, NBL represents “the concentration of a substance or the value of an
indicator in a body of groundwater corresponding to no, or only very minor,
anthropogenic alterations to undisturbed conditions” (GroundWater Daughter Directive
2006/118/EC, article 2.5). The evaluation of background concentrations is required by the
EU Water Framework Directive (WFD 2000/60/EC), according to which each Member
State should identify significant and sustained upward trends of chemical species that
could compromise the achievement of good chemical status of a target water body.

A proper estimation of the NBL of a target compound is useful to (a) define threshold
values which are consistent with specific natural features of water bodies; (b) distinguish
effective anthropogenic contamination from cases where natural conditions occur; and (c)
define the correct chemical status of groundwater bodies.

The most reliable approach for the estimation of the NBL of given inorganic
compounds within a target groundwater body should probably be based on the analysis of
samples collected from locations in the geologic formation where water quality has not
been altered by anthropogenic activities. Unfortunately, it is difficult to find pristine
portions of aquifers in populated areas. Other approaches should therefore be applied.

These include, e.g., methodologies based on (i) statistical analysis of available data, (ii)
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experimental characterization of soil and water samples, and/or (iii) geochemical
modeling of processes occurring in the systems.

Evaluation of concentration levels which can be considered as consistent with actual
natural processes taking place in a specific system and with observed space-time dynamics
is also critical in the framework of quality management of groundwater bodies within
which relatively large natural concentrations of target species are detected. This task can
be accomplished through theoretical and/or experimental approaches. For example,
statistical analyses could be employed to model observed frequencies of concentrations
detected at several monitoring wells. With reference to experimental analyses,
batch/incubations or column tests can be performed to characterize the behavior of target
solid matrices under specific redox and flux conditions consistent with natural
environments investigated. These types of experimental results can then be interpreted
through mathematical modeling of geochemical processes, e.g., dissolution/precipitation
or other types of heterogeneous and homogeneous reactions, to provide improved
understanding and predictive capabilities of the key processes which can contribute to
define the NBL of a target species for a given water body.

Arsenic is arguably one of the most dangerous species which can be observed in
groundwater systems when occurs with concentrations above regulation limits. It is a
ubiquitous element which can be found in the atmosphere, soils and rocks, natural waters
and organisms. Most environmental problems related to arsenic are the result of its
mobilization under natural conditions. The main natural sources of arsenic in terrestrial
and aquatic environments are the weathering of arsenic minerals, volcanic activities and
the occurrence of strong reducing conditions which can promote arsenic release to
groundwater. Arsenic is commonly used for many industrial and agricultural applications.
Therefore, large concentrations of this metalloid can be found in groundwater as a result
of anthropogenic activities.

In the presence of large arsenic concentrations it is important to distinguish between
effective anthropogenic contamination and scenarios under which arsenic dissolution in
water is triggered by specific natural conditions. In this framework, the abundant and high
quality data-set available from ARPA (Regional Agency for Environmental Protection)
Emilia-Romagna has highlighted the occurrence of large hot-spot of arsenic
concentrations in groundwater bodies located in Emilia-Romagna Region, Italy. Previous
studies hypothesized that these large concentrations could be associated with natural

release processes from geomaterials filling the Po Basin, consistent with the large arsenic
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concentrations detected in the host porous matrix. A key aim of this research work is the
investigation of the effect of arsenic partitioning and dynamics on the groundwater
background level of this metalloid in selected target aquifers of the Emilia-Romagna
Region, Italy.

The first Chapter of the dissertation reports the key chemical characteristics of arsenic
and illustrates its geochemical behavior in soil-groundwater environments worldwide and
in Italy. This literature survey is followed by Chapter 2, which reports the application of
global statistical methodologies to estimate NBLs of target chemical species and assess the
environmental quality status of given groundwater bodies. Variability of NBL values
across various groundwater bodies located at different representative depths and temporal
dynamics of NBLs are also explored in Chapter 2.

Background concentrations are the result of several factors, including physical and
chemical processes taking place in the natural environment which are typically not
captured by global statistical methods. A set of experimental activities have then been
performed to improve our understanding of mechanisms influencing arsenic NBLs. These
activities include batch tests and selective sequential extractions which have been
designed and performed employing samples which are representative of the natural host
matrix occurring in the deep groundwater systems investigated. Chapter 3 reports the
results of these experimental characterizations and focuses on (a) the effects of redox
changes on arsenic mobility, and (b) arsenic fractioning within different solid matrices.
Batch tests are useful to understand the overall arsenic dynamics in the presence of
different redox conditions. However, they did not allow to exhaustively evaluate the role
of the main solid phases on redox and pH variations, which are key to trigger arsenic
release, and the contribution of different solid phases on the detected arsenic
concentrations. These aspects are explored in Chapter 4, which is keyed to the
development and application of a geochemical modeling framework conducive to the
interpretation of the experimental results obtained from the batch tests on the basis of the
results of sequential extractions. The results of this activity lead to define a conceptual
model of the system which is consistent with physico-chemical processes that could took
place in the experimental microcosm which was set-up to reproduce natural environmental
conditions. Chapter 5 reports the conclusions stemming from this research, highlighting
practical implications in the framework of groundwater management and preservation

strategies.
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CHAPTER 1

Geochemical behavior of Arsenic in the soil-groundwater

environments

1.1. Key chemical characteristics of Arsenic

Arsenic (As) (atomic number: 33, atomic weight: 74.9216, density, at 293 K: 5.776
g/cm3 ) is a metalloid belonging to group V of the periodic table of elements and is
classified as a heavy metal due to its (a) high atomic weight, (b) high density and (c)
basically null biodegradability. The latter leads to bioaccumulation in living organisms
(Wackett et al., 2004). Arsenic is the twentieth most abundant element in the Earth’s crust
with detected concentration levels greater than those of Hg, Cd, Au, Ag, Sb, and Se
(Bhumbla and Keefer, 1994) naturally occurring in four oxidation states: -3 (arsine), 0
(elemental), +3 (arsenite) and +5 (arsenate). In natural systems, and in particular in
aqueous environments, arsenic mostly exists either in inorganic forms, as oxyanions of
arsenite, As(IIl), in anaerobic conditions, or as arsenate, As(V), in oxidized environments

(Adriano, 2001; WHO, 2008).

1.2. Arsenic sources in the environment

Arsenic is a ubiquitous element which can be found in the atmosphere, soils and rocks,
natural waters and organisms. Most environmental problems related to arsenic are the
result of As mobilization under natural conditions. Anthropogenic activities which can
contribute to As-related environmental problems include mining, combustion of fossil
fuels, the use of arsenical pesticides, herbicides and crop desiccants, and the use of As as
an additive to livestock feed (Smedley and Kinniburgh, 2002).

It has been shown that groundwater is significantly exposed to As contamination, with
high hot-spot concentrations (Smedley and Kinniburgh, 2002). In 1993 the WHO reduced
from 50 to 10 pg/L the limit value of As in drinking waters (WHO, 1993). This limit is

also valid for US, Japan and Europe.
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1.2.1 Arsenic distribution in groundwater worldwide and Italy

Arsenic concentration within aquifers worldwide has been found to exceed 50 ug/L.
This causes a significant threat to groundwater quality and poses a notable element of risk
for human beings and ecosystems. The most critical occurrences of arsenic-affected
aquifers around the world (Fig. 1.1) are in Argentina, Bangladesh, Chile, China, Hungary,
India (West Bengal), Mexico, Romania, Taiwan, Vietnam and south-west USA.
Moreover, arsenic springs associated with geothermal waters have been reported in Japan,
New Zealand, Kamchatka, Iceland, France, Dominica and the USA. Alongside these
“natural” contaminations there are zones where the high As concentrations are related to
mining operations like Alaska, Canada, Mexico, Ghana, Zimbabwe, South Africa, Greece,
England and Thailand (Bundschuh et al., 2004; Harvey et al., 2002; Smedley and
Kinniburgh, 2002).
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Fig. 1.1 — Arsenic-affected aquifers, water and environmental problems related to
mining and geothermal sources around the world. Blue areas are lakes.
(Smedley and Kinniburgh, 2002).

High natural As concentrations in soils are common in volcanic matrixes. For example,
Baiocchi et al. (2011) report a map of volcanic aquifers in Central and Southern Italy
where As concentrations frequently exceed 50 pg/L. Alongside these naturally or
anthopogenically influenced polluted areas, As in aquifers can be related to industrial or

agronomical applications.
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Significant As concentrations have been recorded at a number of locations in Italy,
including Sardinia (Frau et al., 2008), the Brenta Plain in Northeastern Italy (Ungaro et al.,
2007), southern Tuscany (Baroni et al, 2004), the Ischia Island (Daniele, 2004) and
Central Italy (Preziosi et al., 2009).

1.2.2 Natural Arsenic Sources

The main natural source of arsenic in terrestrial and aquatic environment under both
oxic and anoxic conditions is the weathering of As minerals and volcanic activity (Rhine
et al.,, 2006). Arsenic in the subsurface is commonly found at trace levels in bearing
minerals such as arsenopyrite (FeAsS), realgar (AsS), orpiment (As,S3), scorodite
(FeAsO4-2H,0) (Dove and Rimstidt, 1985; Newman et al., 1998; Smedley and
Kinniburgh, 2002; Bissen and Frimmel, 2003) or adsorbed to the surface of Fe(Ill)
oxides/hydroxides whose more important forms are hydroxide (Fe(OH)s), goethite (a-
FeOOH), akaganeite (B-FeOOH), lepidocrocite (y-FeOOH) and haematite (Fe,O3) (Bissen
and Frimmel, 2003). Discharge of geothermal waters can cause high concentrations of As
in surface streams. Evaporation can also contribute to high natural arsenic concentrations
because As is not incorporated in most evaporite minerals (Welch and Lico, 1998).

A possible natural source of dissolved As occurrence in groundwater is the occurrence
of strongly reducing conditions within alluvial and deltaic sediments with rapid burial of
large amounts of sediment together with high organic matter content. Dissolved arsenic
can also be found in volcanogenic areas or in arid or semi-arid areas that represent two
possible natural sources of As occurrence in groundwater. Aquifers which are composed
of flooded sediments could represent sources of high dissolved arsenic (> 50 ug/L)

(Smedley and Kinniburgh, 2002; Nordstrom, 2002).

1.2.3 Anthropogenic Arsenic Sources

Anthropogenic activities such as smelter slag, coal combustion, run-off from mine
tailings, hide tanning waste, pigment production for paints and dyes, and the application of
As based pesticides are key causes of As contamination (Oremland and Stolz, 2003). Fly
ash from thermal power plants may contribute to As contamination of the soil. An
additional anthropogenic source of As release is represented by the use of arsenic in

coloring agents such as Scheele’s green (CuHAsOs3) or Paris green (Cu (AsO,),
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Cu(C,;H30,),) (Azcue and Nriagu, 1994). Arsenic contamination of the environment can
also occur through the use of arsenical fungicides, herbicides, and insecticides in the
agriculture and wood industry (Bissen and Frimmel, 2003). The most common wood
preservatives used in the industry are chromated copper arsenate (CCA) and ammonical
copper arsenate (ACA) in conjunction with 99% of the arsenical wood preservatives
(Perker, 1981). Currently, As is being used in the production of glass and semiconductor
industry (Azcue and Nriagu, 1994).

Excessive exploitation of aquifers due to pumping activities in the context of, e.g.,
irrigation and industrial activities, could result in lowering of water table level in free
aquifers. Thus could promote pyrite oxidation in unconfined aquifers where pyrite occurs.
High As concentrations have been found in regions where such fluctuations of water table

oscillation have been evidenced (Schreiber et al., 2000).

1.3. Arsenic in waters
1.3.1 Speciation

Arsenic speciation in aquatic systems is mainly controlled by redox potential (Eh or
ORP-Oxidation Reduction Potential) and pH. These two factors typically govern the four
oxidation states of As. The predominant soluble forms are As(III) and As(V), where
As(III) is more toxic and mobile than As(V) and it is more difficult to remove from water
(Clifford, 1990; Smedley and Kinniburgh, 2002; Rhine et al., 2006). The high mobility of
As(III) is due to its neutral charge at most pH ranges in natural water. Binding of As(V) to
minerals occurs in the presence of a wide pH range, whereas, As(III) may bind to certain
compounds such as iron oxy-hydroxides and metal sulfides within a very narrow pH range
(Belzile and Tessier, 1990; Welch et al., 2000). Although As(IIl) and As(V) have been
simultaneously detected in both oxic and anoxic conditions, As(IIl) is the dominant form
in anoxic environments, whereas As(V) is mostly prevalent in aerobic environments
(Smedley and Kinniburgh 2002; Oremland and Stolz 2003; Lievremont et al., 2003).

Apart from the main inorganic forms of As, methylated forms have also been detected
in natural environments. These methylated compounds are produced as a result of
biomethylation by certain groups of microorganisms (Stolz et al., 2006). Methylated As
compounds which are formed during biomethylation chain reactions are

monomethylarsonic acid (MMA(V)), monomethyarsonous acid (MMA(III)),
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dimethylarsinic acid (DMA(V)), dimethylarsinous acid (DMA(II)), trimethylarsine oxide
(TMA (V)), and trimethylarsine (TMA(III)) respectively (Dombrowski et al., 2005).

1.3.2 Mechanisms of arsenic mobility in groundwater

Several factors influence the mobility of arsenic in groundwater. One of the most
important is sorption onto minerals and soil particles. Several studies (e.g., Anderson et
al., 1976; Sadiq, 1997; Smith et al., 1998; Stollenwerk, 2003; Sracek et al., 2004) show
that As could adsorb on clay, oxides of Al(IIl), Fe(IIl), Mn(III/IV), calcium carbonates
and organic matter (e.g., humic substances). Adsorption capacities are different between
minerals. For instance halloysite and chlorite were found to adsorb As to a much greater
extent than kaolinite, illite and montmorillonite (Lin and Puls, 2000). This behavior was
attributed to the larger surface area of disordered halloysite and to the presence of Fe
species in chlorite. Amongst the different phases, there is a general consensus that iron
oxides/hydroxides are probably the most important adsorbents for arsenic in sandy
aquifers in the presence of both acidic and alkaline soils because of their large abundance
and strong binding affinity with As (Sadiq, 1997; Manning et al., 1998; Smedley and
Kinniburgh, 2002; Dixit and Hering, 2003). For these reasons, the reductive dissolution of
Fe oxides, promoted by burial, flooding, transport of organic material or other reducing
agents and/or conditions into soil, is considered one of the main possible mechanisms of
As release in groundwater (e.g., Matisoff et al., 1982; Korte, 1991; Korte and Fernando,
1991; Stumm and Sulzberger, 1992; Nickson et al., 2000; Anawar, 2003).

Arsenic adsorption can also be affected by the presence of competing ions and in
particular of phosphate. The latter has a geochemical behavior which is similar to that of
arsenate and can compete for sorption sites with As (Hingston et al., 1971; Livesey and
Huang, 1981; Manning and Goldberg, 1996). Adsorption capacity of soil particles depends
on different physico-chemical factors such as hydratation, pH and crystallinity (Sadiq,
1997). Amongst these, pH is one of the key parameters governing arsenic mobility
because the occurrence of the two inorganic arsenic forms (As(IIl) and As(V)) strongly
depend on pH. As(V) is preferentially sorbed on hydrous oxides for pH values ranging
from 4 to 7 whereas As(Ill) is preferentially sorbed for pH values raging from 7 to 10
(Pierce and Moore, 1980; 1982). As a result, it is clear that changes in groundwater pH
can promote adsorption or desorption. Referring to iron-oxide surfaces, adsorption appears

to be related to the change in iron-oxide net surface charge from positive to negative as pH
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increases above the zero-point-of-charge (pH at which the net surface charge is equal to
zero) of about 7.7 for goethite (crystalline iron oxide) (Stumm and Morgan, 1996) or 8.0
for ferrihydrite (amorphous iron oxide) (Dzombak and Morel, 1990). Similarly to pH,
redox reactions can control aqueous arsenic concentrations by their effects on arsenic
speciation, and hence, arsenic adsorption/desorption.

pH and redox conditions, that are also related to aerobic/anaerobic conditions that could
occur in underground, strongly influence arsenic mobilization (Smedley and Kinniburgh,
2002). Redox conditions in soil layers tend to vary widely from +500 mV (surface soils)
to =300 mV (strongly reducing conditions) (Signes-Pastor et al., 2007). If pH is not in the
alkaline range and ORP is high, arsenic mobilization is difficult (Oscarson et al., 1983;
Gulens et al., 1979; Masscheleyn et al., 1991). Under neutral and acidic conditions for
ORP < +200 mV Fe(III) is reduced to Fe(Il) and Mn(III/IV) to Mn(II). As a consequence,
arsenic which is bound to Mn and Fe oxides/hydroxides is mobilized. Under alkaline
conditions reduction occurs at lower ORP values (Ferguson and Gavis, 1972).
Masscheleyn et al., 1991 found that at —200 mV the solubility of As increase by a factor of
13 when compared to the solubility at +500 mV. Carbonell-Barrachina et al., 2000 found
that the mobility of arsenic at —250 mV decreases due to the formation of sulfides.

Arsenic mobility is also influenced by the occurrence of natural organic matter (NOM)
that interacts strongly with both soluble metals and metal (hydro)oxide surfaces and plays
an important role in governing the speciation, solubility, mobility and bioavailability of
chemical species such as arsenic (Wang and Mulligan, 2006). Previous studies reported
that arsenic speciation and its mobility in water strongly depends on interactions between
NOM and arsenic (Kalbitz and Wennrich, 1998; Anawar et al., 2003) also because NOM
can catalyze both oxidation and reduction reactions among chemical species (Senesi and
Steelink, 1989; Schwarzenbach et al., 1990; Dunnivant et al., 1992; Perlinger et al., 1996).
NOM may serve as electron shuttle between kinetically inert redox species or between
microorganisms and arsenic species (Scott et al., 1998). The main influencing mechanisms
of arsenic mobility include (a) the competition of arsenic and phosphate (PO,”) for
available adsorption sites that inhibits or enhances the dissolution of arsenic-binding
minerals because of the decrease in phosphate adsorption due to the occurrence of organic
acid (e.g., citrate and humic acids) (Fontes et al., 1992; Geelhoed et al., 1998; Eick et al.,
1999), and (b) the formation of aqueous complexes and/or changes in the redox potential
of surfaces site and arsenic redox speciation (Welch and Lico, 1998; Bradley et al., 1998;

McArthur et al., 2001 and 2004; Redman et al., 2002). NOM may also constitute a binding
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agent, reducing arsenic mobility. Humic acids were found to adsorb arsenic in the range
between 100 mmol/kg and 120 mmol/kg by fixing the metalloid during the precipitation
under acidic conditions (Thanabalasingam and Pickering, 1986). Moreover, it was found
that NOM can reduce Fe(III) and Mn(III or IV) oxides, leading to leaching of sorbed As
(Stone et al.,, 1994; McArthur et al., 2001). Wang and Mulligan (2006) reported a
summary of research studies on interactions between NOM and arsenic concluding that
most investigations have been performed on purified minerals under laboratory conditions
whereas little research has been performed on NOM in relation with arsenic. Redman et al.
(2002) concluded that the presence of NOM may explain observed large mobility of
As(IIl) in soils suggesting that NOM may play a greater role in arsenic mobility than

previously recognized.
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CHAPTER 2

Natural Background Level of inorganic compounds in groundwater

2.1. Introduction

The evaluation of natural background level of inorganic compounds such as arsenic
is required by EU Water Framework Directive (WFD 2000/60/EC, article 17) that stresses
the need for Member States to identify significant and sustained upward trends of
compounds that can compromise the achieving of good chemical status of groundwater to
determine the starting points for reversing these trends. Procedures and criteria to achieve
these objectives are presented in the GroundWater Daughter Directive (GWDD
2006/118/EC). In this context, it is relevant to provide estimates of Natural Background
Levels (NBLs) and Threshold Values (TVs) of chemical species considered to be of
particular interest.

Several definitions of natural background have been proposed (Reimann and Garret,
2005). The GWDD (article 2.5) defines the NBL as "the concentration of a substance or
the value of an indicator in a body of groundwater corresponding to no, or only very
minor, anthropogenic alterations to undisturbed conditions". The TV is considered as the
environmental quality standard of groundwater and is determined on the basis of the NBL.
For a given compound, it represents the concentration value which must not be exceeded
to protect human health and environment (GWDD 2006/118/EC; European Commission,
2009).

NBLs depend primarily on the petrographical composition of the aquifer (Hinsby et
al., 2006). They can be considered as the result of (a) water-rock interactions, (b) chemical
and biological processes taking place in variably saturated subsoil, (c) interactions with
other water bodies, (d) residence times of solutes within a given host formation, (e) time
fluctuations of flow paths, and (f) climate impacts on the soil-aquifer environment. For
these reasons, a groundwater body is characterized by its own natural chemical signature,
which may display significant space-time heterogeneity (Edmunds et al., 2003; Wendland
et al., 2005; Panno et al., 2006; Edmunds and Shand, 2008; European Commission, 2009).
Spatial variations of NBL can be large and it might be convenient from a practical
standpoint to introduce a range of values rather than a single average (or absolute) value

(Edmunds et al., 2003; Reimann and Garret, 2005; Hinsby et al., 2006). In this context, the
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GWDD requires setting a unique TV for a given chemical species for which there is the
need to discriminate between natural and anthropogenic effects on the concentrations
detected in the groundwater.

Edmunds et al. (1997) consider estimating NBLs at a large scale (national/regional
level) on the basis of the concept of groundwater residence time. This allows to
discriminate among waters of different ages (i.e., palaeowaters, pre-industrial and/or
modern waters (Hinsby et al., 2001)) and the NBL is evaluated as the 95t percentile of the
concentrations distribution of the chemical species detected.

A variety of methodologies are adopted by different Countries to assess NBLs of
compounds in groundwater. For example, NBLs can be estimated upon comparing current
chemical status against some defined drinking water standards (Swedish EPA, 2000). The
Ireland EPA (Buss et al., 2004) examines the concentration of a chemical species prior to
anthropogenic impacts and then calculates an upper and lower concentration limit by
extrapolation of the identified natural distribution. A statistical approach is proposed in
Germany (Wendland et al., 2005), relying on the separation of natural and anthropogenic
contribution in monitored concentration distributions. The South Australia EPA (2008)
suggests to evaluate NBL by means of (a) statistical methods, or (b) historic analysis of
groundwater or (c) selection of a subset of data that is assumed to be representative of the
natural composition of the residing groundwater on the basis of hydrological and
geochemical tracers (e.g., tritium). Griffioen et al. (2008) compare three selection
approaches (i.e., historic method, tritium method, oxidation capacity method) adopted in
The Netherlands to establish NBLs which are calculated as the 90 percentile of the
selected concentration data.

In principle, NBL can be viably evaluated (i) from groundwater samples unaffected
by human impact, or (ii) with the aid of modern multicomponent reactive transport
modeling. Both methods are not immune from drawbacks. On one hand, only samples
from deep aquifers can be assumed to be relatively free from anthropogenic influences. On
the other hand, even though multicomponent reactive transport modeling is widely used in
environmental problems (e.g., Lichtner, 1985; Yeh and Tripathi, 1989; Steefel et al., 2005;
Bea et al., 2009; Miller et al., 2010, and references therein), critical outstanding challenges
still need to be fully addressed and resolved for their routine use in real aquifer systems
(Steefel et al., 2005). With special reference to large scale aquifer systems, these include

the need to address the discrepancies observed between reaction rates at the laboratory and
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field scales, the problem of bridging across scales, and the conceptual and parametric
uncertainty which plagues groundwater flow and transport modeling.

Estimating NBLs relying on global statistical analyses of monitored data is an
alternative to these two approaches which can be pursued in practical applications
involving large scale aquifer bodies (Edmunds et al., 2003; Wendland et al., 2005; Panno
et al., 2006; Edmunds and Shand, 2008; Walter, 2008). At the same time, global statistical
analyses can result in merging different populations (stemming, e.g., different redox
environments) within a unique data-set. As such, redox conditions should be carefully
evaluated before analysis (Hinsby and Condesso de Melo, 2006).

Global statistical approach starts from the idea that the empirical distribution of
available resident concentration data can be decomposed into a mixture of contributions of
natural and/or anthropogenic origin. Along these lines, a recommendation stemming from
the EU research project BRIDGE (2007), Background cRiteria for the IDentification of
Groundwater thrEsholds, is that when there is sufficient availability of data (in terms of
quality and quantity of information) the Component Separation method (CS) developed by
Wendland at al. (2005) should be adopted. On the other hand, a simplified approach based
on Pre-Selection (PS) of data points (Hart et al., 2006) might be preferable in cases where
hydrochemical characterization of a given water body can be considered of a mediocre
level.

Recently, Hinsby et al. (2008) present an application of the Pre-Selection method to
14 European groundwater bodies representative of different aquifer types, climate settings
and ecoregions. This work focus on three large-scale water bodies representative of the
same aquifer type (i.e., marine deposits) and located within the same ecoregion, i.e., Italy,
Mediterranen sea (according to the analysis of Wendland et al. (2008)).

Both the CS and PS methods are here applied to provide estimates of NBLs (and
associated TVs) of the target chemical compounds which are adopted in the context of
assessing the environmental quality status of these systems. Inorganic compounds
considered are ammonium (NHy), boron (B), and arsenic (As), which are characterized, in
the aquifers bodies analyzed, by the occurrence of concentrations larger than reference
values provided by Italian regulations.

The areas investigated are associated with an abundant and high quality data-set,
thus allowing application and comparison of both methodologies. The specific setting of
the investigated water bodies allows investigating possible dependencies of NBLs on

representative depths of the target groundwater bodies. An analysis of the dynamics of the
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evolution of NBL within the investigated groundwater bodies is then performed upon
considering data aggregated according to different temporal observation windows. Up to
now, this application represents the first large scale joint application in Italy of both

methodologies which addresses the above mentioned temporal and spatial dynamics.

2.2. Materials and methods
2.2.1 Hydrogeological setting of the study area

The three groundwater bodies analyzed are located in Northern Italy, within the
Emilia Romagna region (Fig. 2.1a). They are part of the Po Basin fill, which is a
syntectonic sedimentary wedge (Ricci Lucchi, 1984) forming the infill of the Pliocene-
Pleistocene fore-deep. The sedimentary evolution of the basin is characterized by an
overall regressive trend from Pliocene open marine facies to Quaternary marginal marine
and alluvial deposits, respectively indicated as cycle Om and Qc by Ricci Lucchi et al.
(1982). According to recent studies (Regione Emilia Romagna & ENI, 1998) cycle Qc is
subdivided into two coarse units, respectively denominated Cycle A and Cycle B. The
lower portion of these units, whose thickness is about 100-150 m, is formed by clayey
deposits. The latter lay on Cycle C, which, in turn, is the upper portion of Cycle Om. The
stratigraphic features of cycle Qc have been investigated by well correlation. Cycle Qc is
essentially composed by coarse deposits with subordinate clay, while sand deposits are
scarce. The alluvial deposits form large and productive aquifer systems.

Three Plio-Pleistocenic age aquifers of fresh water have been identified: aquifer
group A (between 0 m and 150-200 m), aquifer group B (between 150 m and 300-350 m)
and aquifer group C (more than 300-350 m deep). They correspond to Cycles A, B and C,
respectively, as depicted in Fig. 2.1b). Aquifer group A and B are essentially composed by
alluvial deposits. Aquifer group C is composed by sea deposits (Regione Emilia-Romagna
& ENI, 1998).

Based on sedimentological and hydrogeological analysis, three main
hydrogeological complexes, i.e., Apennines alluvial fans, Apennine alluvial plain and
alluvial and deltaic Po plain, are identified. The Apennines alluvial fans complex
characterizes the uppermost portion of the Po basin at its southern border (Appennine
piedmont area). It is formed by an array of coalescent fans. The mainly coarse deposits are
related to the fluvial activity of the Apennine streams. In the proximal regions of the

alluvial fans, where recharge boundary conditions can be identified for the plain aquifers,
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the ground water is essentially unconfined. Multilayered confined or semiconfined waters

can be recognized in the distal portions, due to the occurrence of interbedded fine deposits.

(a)

(b)

~A Northern Apennines B

apennine
alluvial plain
0610 - PACS

alluvial and
deltaic Po plain
0630 - PPCS

alluvial fans

100 m | 5 km o
S o610-PACS  ZZ 0630-PPCS [ gravel  [FFsand  [[silts and clays

Fig. 2.1 - (a) Location of the Emilia—Romagna region within Italy, and (b) planar
extension of the groundwater bodies identified with the trace of the cross-section A-B
which corresponds to the simplified schematic hydrostratigraphic cross-section illustrated.
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Gravel is gradually replaced by sand deposits in the northern part of the plain and
the thickness of fine deposits increases (Regione Emilia Romagna, 2010). These
depositional units become mainly silty clayey with local interbedding of coarser material.
Four confined hydrogeological units, indicated as Al, A2, A3, and A4 in Fig. 2.1b, are
identified within aquifer group A. A free surface layer AO (with average thickness of
about 10 m and discontinuous sand deposits) overlays these units (Fig. 2.1b). An upper
confined portion including A1 and A2 and a lower confined portion including A3, A4,
aquifer group B and aquifer group C have been distinguished within the aquifer system in
a series of studies aimed to delineate ground water bodies for the implementation of
Directive 2000/60/CE (Regione Emilia Romagna, 2010). This subdivision was performed
upon considering (a) the different strengths of the anthropogenic impacts acting on the
system, and (b) the fact that units Al and A2 are associated with paleo-geographical
signatures different from those related to units A3 and A4.

A total of 144 groundwater bodies were identified within the Emilia Romagna
region (Regione Emilia Romagna, 2010). This study analyzed chemical data collected
within three of these groundwater bodies, i.e., (i) the Alluvial Po plain, (ii) the Appenine
alluvial plain, and (ii1) the alluvial plain. These are hereinafter identified by the codes
0630-PPCS, 0610-PACS, and 2700-PACI, respectively.

As illustrated in Fig. 2.1b, the two bodies 0630-PPCS and 0610-PACS are located in
the upper confined portion of the aquifer system, while the third one (2700-PACI) is a
deep confined system. Fig. 2.2 depicts the location and planar extent of the groundwater
bodies within the entire aquifer system. Table 1 lists the average depth, the average

thickness and the area of the three water bodies analyzed.
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Fig. 2.2 - Groundwater bodies (a) 0630-PPCS and 0610-PACS, and (b) 2700-
PACI identified within the Emilia—Romagna region.

Table 2.1
Extension and characteristic scales of the three groundwater bodies analyzed.
average average

groundwater area

depth thickness 5

body (km”)

(m) (m)

0610 — PACS 75 130 2928

0630 — PPCS 65 110 1995

2700 — PACI 200 180 6934
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The groundwater bodies analyzed comprise deep aquifer systems which are kept
under confined conditions by aquitards characterized by significant thickness. Oxidation
reduction potential (ORP) in these systems is sufficiently stable around reducing
conditions. This is consistent with the occurrence of organic matter, i.e., paleo-peats
(Amorosi et al., 1996; Cremonini et al., 2008) at the investigated depths and the
observation that the reduced form of nitrogen (i.e., NHy) is detected in available samples.
Continuous monitoring of ORP in the three selected aquifer bodies is available between
1987 and 1998. The three systems analyzed are characterized by comparable general
redox behavior. Monitored median ORP values for each water body (+36 mV in 0630-
PPCS; +10 mV in 0610-PACS; and +3 mV in 2700-PACI) indicate the occurrence of
reducing environments with slightly enhanced reducing conditions in the deepest water
body (2700-PACI).

Due to their location within the aquifer system, these groundwater bodies are subject
to different levels of anthropogenic stress, because of the different exploitation regime, in
terms of water consumption and withdrawals. Moreover, the deepest water bodies tend to
receive diluted contaminant concentrations from recharge areas, as a consequence of
natural attenuation phenomena.

The response of each water system to man-induced stresses is then different due to
the different volumes of water stored, which is typically largest for the deepest
groundwater bodies. This is then associated with a different system response to a given
contaminant mass injected. In general, it is expected that human influence is less acute for
the deepest water body, because of (a) the effect of natural attenuation processes and (b)
the reduced level of exploitation when compared against the remaining two aquifers.

The choice of these systems has been motivated by their significant planar extent,
with representative scale of the order of hundreds of kilometers, and the abundance of
monitoring stations associated with records of about 20 years of observations. These
recordings have been performed on a six-month basis between 1987 and 2008 and

constitute a unique data-base employed in the context of this investigation.

2.2.2 Available data-set
The analysis is based on time series of concentration data recorded at several
monitoring locations included in the extensive network of observation wells managed by

the “Agenzia Regionale per la Prevenzione e I’Ambiente dell’Emilia-Romagna” (ARPA —
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Regional Agency for Environmental Protection). The chemical species considered in this
research (metals and inorganic compounds, as reported in the following) have been subject
to a preliminary exploratory statistical analysis. The relative fraction of samples exceeding
thresholds values currently set by Italian regulation (D. Lgs. 30/09) was then evaluated for
each chemical species. In this application, it was assumed that a chemical species
associated with observed concentrations exceeding the reference threshold value for at
least 5% of the samples collected can be considered as significant to the characterization
of the chemical status of a given groundwater body. Increasing this percentage to 10%
does not change the number of species which are then subject to the analysis.

Groundwater body 0630-PPCS is characterized by 75 monitoring stations for a total
of 1884 samples. Amongst the substances that contribute to define the good chemical
status of a groundwater system, only NH4 and As were found to be of interest, respectively
being associated with a total amount of 62.5% and 6.0% of samples exceeding the
regulatory limit value. Groundwater body 0610-PACS includes 88 monitoring stations, for
a total of 1428 samples. Here, NH4, B and As were found to be of interest, respectively
being associated with an exceedance of the regulatory limit value in 81.4%, 9.9% and
20.7% of the samples analyzed. A set of 56 monitoring stations (corresponding to a total
number of 1391 samples), is located within groundwater body 2700-PACI. Here, only
NH,, B, chlorides and As are considered to be of interest, on the basis of the adopted
criteria, and they are found to exceed the current Italian regulation limit for a number of
samples respectively equal to 78.6%, 13.9%, 11.4% and 9.3% of the total. Following this
preliminary analysis, NBLs are estimated only on NHy4, B, and As, which are detected in
all the examined groundwater bodies. Current Italian regulation limits coincide with the

European Drinking Water Standards and are set as 0.5 mg/L for NH4, 1000 pg/L for B and
10 pg/L for As.

2.2.3 Data Analysis

When dealing with large scale aquifer systems requiring characterization in terms of
their geochemical signature under data scarcity, it can be convenient to analyze available
information collected within a monitoring framework through statistical analysis methods.
Here, two methodologies are considered, i.e., the Component Separation (CS) and Pre-
Selection (PS) (e.g., Voigt et al., 2005), and estimates of Natural Background Level

(NBL) and associated Threshold Values (TV) of selected environmental parameters are

e
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provided. Voigt et al. (2005) suggest employing the CS method in the presence of what
they define as good knowledge of hydrochemical characteristics of the water body, as
supported by a relatively large data-set. On the other hand, these authors suggest resorting
to PS under scarcity of monitored data, resulting in a mediocre state of system knowledge.

Examples of application of CS to assess NBLs for several groundwater parameters
(e.g., K, Fe, NOs, Mg, electrical conductivity) in different aquifer systems in Germany are
provided by Wendland et al. (2005). Hinsby et al. (2008) illustrate some examples of
application of PS to estimate NBLs and TVs of different elements (e.g., As, chlorides,
sulphates) in some European Countries (e.g., Portugal, Denmark, Germany, Italy).
Preziosi et al. (2009) report an application of PS to the estimation of NBLs and TVs of As,

V, F and Cl in a region in central Italy.

2.2.3.1. Component Separation

The methodology is based upon the idea that the empirical frequency distribution,

fobs(c), of the concentration, ¢, of a given environmental parameter can be modeled as a
mixture of two contributions, f,. (c) and fi,s (c), respectively representing the natural and
influenced component, i.e.,
Jobs (€) = far (€) + fins (€) ey
The former is typically linked to the hydrogeological settings of the aquifer body and the
homogeneous and heterogeneous (geo)chemical processes characterizing the interaction
between the host porous matrix and fluid flow and transport of chemical species. The
influenced component is related to processes directly or indirectly associated with human
activities.

The functional format of the two distribution functions is not known a priori. Natural
concentration patterns are typically associated with a skewed distribution (e.g., Ahrens,
1953; Chayes, 1954; Miller and Goldberg, 1955; Limbert et al., 2001; Parkin and
Robinson, 1992; Warrick et al., 1996). Models which have been adopted in the literature
to interpret environmental data include (a) the Log-Normal (Shimizu and Crow, 1988), (b)
the generalized Log-Logistic (Singh et al., 2001), (c) the Gamma (Jakeman and Taylor,
1985), and (d) the truncated Normal (Schmoyer et al., 1996) and the Weibull (Nanag,
1998) distribution. The model choice can be based on its goodness-of-fit against
experimental data. In this context, Ott (1990) adopted the concept of Successive Random
Dilutions to support experimental observations suggesting that pollutant concentrations

often tend to appear log-normally distributed. Wendland et al. (2005) also considered a
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Log-Normal model in the context of applications related to implementations of the Water
Framework Directive. Here, Wendland et al. (2005) approach is followed considering that
the natural and influenced component can be described by a Log-Normal and Normal

distribution, respectively. On these bases, f,»s(c) is approximated as

_ M B (c—,u”!f)2
@k A G o
O-nat 2” C O-infﬂzﬂ.

Here, k is the average size of the classes adopted for the calculation of the relative
frequency, A is the mixture weight, f4,,, and f4;,r respectively are the median of the natural
and influenced distribution, o, and o, being the associated standard deviations, and #y =
0.5 is a truncation factor insuring that concentrations are always positive. The model is
then characterized by five parameters, which are typically estimated by a calibration of
model predictions against experimental data.

Parameter estimation is performed within a Maximum Likelihood framework. The
estimated NBL value is then calculated after calibration on the basis of the 10™ and 90™
percentiles, respectively indicated as NBL;y and NBLgg, of the natural component of the
mixture (e.g., Wendland et al., 2005). The variability of NBL;y and NBLgyy between
different water bodies is essentially governed by the calibrated weight of the mixture of
components. The latter is exclusively an indication of the relative importance of natural
and anthropogenic influence within a given water body and does not allow direct
comparison between the strength of anthropogenic influence acting on different bodies.

Following, e.g., Wendland et al. (2005), the empirical frequency distribution (1) is
constructed on the basis of the set of median values which has been calculated from each
available concentration time series. This is tantamount considering an average depiction of
the system behavior. Unlike Wendland et al. (2005) the available data set is divided into a
set of observation windows to analyze the dynamic evolution of the NBLs of the selected
environmental parameters. Data are aggregated according to different lengths of the
observation records, i.e., 7, and 10 years, to provide a depiction of the NBLs dynamics at

various levels of temporal resolutions.

2.2.3.2. Pre-Selection

Pre-Selection (PS) has been proposed by Wendland et al. (2005), in the framework
of the BRIDGE (2007) project. It is a simplified procedure which should be employed to

estimate NBLs and TVs of dissolved chemical species within a groundwater body when
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information scarcity does not support adopting a Component Separation technique. It has
recently been adopted by Preziosi et al. (2009) to assess NBLs and TVs of some chemical
species in a groundwater body in Central Italy. The methodology starts by selecting,
within the available data-set, samples that meet certain criteria and can be considered
unaffected by human influence. Typically adopted criteria are associated with the
following constraints: (a) chloride concentrations < 1000 mg/L; (b) nitrates concentrations
< 10 mg/L; and (c) NHy4 concentrations < 0.5 mg/L. Additional exclusion criteria (e.g.,
redox conditions) could be considered as pointed out by Hinsby and Condesso de Melo
(2006) and Hinsby et al. (2008) to minimize the occurrence of grouping different
populations. After selection, one then calculates the median of the time record of
concentrations of the selected species measured at a given monitoring well. Wendland et
al. (2005) propose to estimate NBLy as the 90™ percentile of the sample formed by all the
calculated medians.

Sample cores collected from the porous confined aquifer bodies provide evidence of
natural occurrence of paleo-peats (Amorosi et al., 1996; Cremonini et al., 2008) that are
associated with large NH,4 concentrations which increase with depth. On these bases, NHy

concentrations are not considered as indicator of human influence on the environment.

2.2.3.3. Evaluation of Threshold Values (TV)

Muller et al. (2006) propose to estimate the Threshold Value (TV) of a given
chemical species detected in the groundwater body upon comparing the estimated NBL
against the reference standard (REF) of the receiving groundwater body. The drinking
water standards (DWS) or the environmental quality standards (EQS) are typically
considered as appropriate reference values (REF). The authors propose the following
scenarios: (a) if NBL < REF, then TV = (REF + NBL) / 2; or (b) if NBL > REF, then TV
= NBL. Here, concentrations threshold imposed by Italian regulations (D. Lgs. 30/09) is

employed as the reference values for the chemical species examined.

2.3. Application in Emilia Romagna: results and discussion

This section presents the results obtained by applying the CS (2) and PS
methodologies to assess NBLs and TVs of NHy, B and As in the three water bodies under
study, according to Section 2.2.1. Note that B concentrations measured in water body

0630-PPCS are associated with values exceeding the Italian regulatory limit in less than
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5% of the samples. Normalized frequencies are considered in the parameter estimation
procedure. The sensitivity of the results to the choice of binning intervals has been
analyzed and the results reported are associated with the lowest values of the objective
function selected.

The application of CS considering different temporal aggregation windows of data is
illustrated. The two groundwater bodies used for this application are 0630-PPCS and
0610-PACS, which are associated with data-sets that allow this kind of analysis.

Monitoring stations that cannot be attributed with certainty to a target groundwater
bodies have been excluded from the analysis. Monitoring stations where a period of
observations spanning less than 3 years is available are also excluded. Outliers are
identified and removed from the data population. Outliers are here identified as median
concentrations that lie outside an interval centered around the sample mean and of width
equal to three times the sample standard deviation. As a result, it is identified: (a) one
outlier for As and NH4 in groundwater body 0610-PACS; (b) no outliers in groundwater
body 0630-PPCS; and (c) one outlier for As in groundwater body 2700-PACI. Excluding
these points from the analyses is consistent with allowing that the global behavior of the
large scale systems considered is not completely driven by a single and highly localized
information.

Physical evidences supporting the differences evidenced amongst the populations of
concentrations associated with the three water bodies analyzed include: (a) the slightly
enhanced reducing conditions associated with the deepest aquifer; (b) the different
strengths of withdrawals (due to human activity and decreasing with depth) stressing the
aquifers; and (c) the occurrence of old and less disturbed waters (which are close to
natural, geogenic, undisturbed conditions) in the deep groundwater body, which can be
correlated with the largest NBL predicted.

For all analyses have been selected only observation wells monitored within the 15
years period 1994-2008 where data have been regularly collected, ensuring the availability

of homogeneous data-series.
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2.3.1 Ammonium

Table 2.2 shows the main results obtained applying PS to NH, data. The estimated
NBLs for water bodies 0630-PPCS and 0610-PACS are comparable. An increase in NBL
is noted for 2700-PACI, which is associated with the highest average depth. This is
consistent with the idea that NBL values need to be estimated independently for each of
the water bodies within an aquifer system, because spatial variability of hydrogeochemical
and physical processes can lead to variations of NBL values between different water

bodies.

Table 2.2
Estimated NH4 NBL on the basis of PS for the three water bodies analyzed.
EU Drinking Water Standard for NHy is 0.5 mg/L.

groundwater estimated NBL
body [mg/L]
0610-PACS 4.6
0630-PPCS 5.2
2700-PACI 12.0

Fig. 2.3 depicts the sample relative frequency distribution, f,,s (¢), of NH4 for the
three water bodies analyzed. It also reports the distributions f,, (c), fir (¢) and

(fuar (€) + fins(c)) calibrated according to the methodology illustrated.
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Fig. 2.3 - Empirical frequencies, f,»s , of NHy4 together with the natural (f,,,) and
anthropogenic (f;,y) distributions, and their sum (f,: + finy) €valuated on the basis of (2) for
groundwater bodies (a) 0610-PACS, (b) 0630-PPCS, and (c) 2700-PACI.
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Fig. 2.3a and 2.3b suggest that in the upper water bodies (0610-PACS and 0630-
PPCS) (a) the highest empirical frequencies are associated with concentrations ranging
between 1 and 3 mg/L and are well interpreted by a Log-Normal distribution, and (b) the
contribution of the Normally distributed component becomes relevant to interpret the
largest concentrations. In the deepest water body the observed empirical frequency
distribution (2700-PACI, Fig. 2.3c) the spread of the anthropogenic component around its
mean is less pronounced than in the other aquifer bodies. The long tail characterizing f,.
(c) in 2700-PACI results in a large value of NBLg), when compared to the scenario
associated with the upper groundwater bodies.

Table 2.3 shows that the estimated NBLs are largest for the deep water body (2700-
PACI), consistently with the results of the PS method (Table 2.2).

Table 2.3
Estimated NBLs and TVs obtained after calibration of (2) for NH, median-averaged data.
EU Drinking Water Standard for NHy is 0.5 mg/L.

groundwater 0610- 0630- 2700-
body PACS PPCS PACI
NBL,y [mg/L] 1.1 0.5 1.4
NBLy, [mg/L] 3.7 4.7 10.4
TV [mg/L] 3.7 4.7 10.4

This result is also consistent with the observation that the strength of withdrawals
tend to decrease with depth as compared to the extraction rates, e.g., for irrigation
purposes, from the upper water bodies. As a result, groundwater in the upper water bodies
is renewed more frequently than in the deep systems by anthropogenic effects. Therefore,
changes in the NH4 balance due to, e.g., pumping, are more significant in the two upper
systems that for the deep water body where the oldest and less disturbed waters are found.
For these reasons, and considering the unlikely event that the NH4 produced by human
activities on the surface can directly reach the deep water body, one can expect an increase
in NH4 NBLs with the depth of a given water body. Note that the estimated TVs are above
the current limit set by regulatory standards in Italy (D. Lgs. 30/09).
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2.3.2 Boron

Due to the fact that less than 5% of the samples recorded in 0630-PPCS show values
of B concentrations exceeding the Italian regulatory limit, B is not considered to be critical
for the chemical status of this water body and has been analyzed only for water bodies
0610-PACS and 2700-PACL

Table 2.4 summarizes the main results of PS, showing a slight increase of NBL with

average depth of the groundwater body.

Table 2.4
Estimated NBL for B on the basis of PS for the two water bodies analyzed.
EU Drinking Water Standard for B is 1000 pug/L.

groundwater estimated NBL
body (me/L]
0610-PACS 817
2700-PACI 890

Fig. 2.4 depicts the sample relative frequency distribution of B for the water bodies
0610-PACS and 2700-PACI together with the results of the CS analysis. Note that the
weight associated with the anthropogenic component is negligible so that the observed

empirical distribution of median concentrations is interpreted entirely in terms of a natural

contribution.
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Fig. 2.4 - Observed (f,»s) and estimated (f,,;) frequencies for B for groundwater bodies (a)
0610-PACS, and (b) 2700-PACI. The observed empirical distribution of median
concentrations is interpreted entirely in terms of a natural contribution.

Table 2.5 summarizes the main results obtained via CS, in terms of NBLs and TVs.
One can note that these are comparable with those presented in Table 2.4, the NBLy, for
0610-PACS being only slightly lower than that for 2700-PACIL.
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Table 2.5
Estimated NBLs and TV obtained from (2) for B.
EU Drinking Water Standard for B is 1000 pg/L.

groundwater | 0610- 2700-

body PACS PACI
NBLo [mg/L] 219 149
NBLyo [ng/L] 799 857
TV [ng/L] 899 928

This result appears to be consistent with the observations that (a) in the deep water
body (2700-PACI) there is a lower number of production wells than in the upper water
bodies, and (b) the impact of the drawdowns on oldest and less disturbed waters tends to
decrease with depth. Note that the estimated TVs lie below the current limit set by
regulatory standards in Italy (D. Lgs. 30/09) which can be adopted as reference in this

case.

2.3.3 Arsenic

Table 2.6 summarizes the main results of PS for As within the three water bodies
examined. One can note that while water bodies 0630-PPCS and 2700-PACI are
associated with comparable estimates of As NBL, water body 0610-PACS displays the
largest NBL value. This is consistent with the analytical evidence that high As content is
found in the solid matrix (Zavatti et al., 1995), particularly within the water body 0610-
PACS, although not always As in solution is related to As in the aquifer.

Table 2.6
Estimated NBL for As on the basis of PS for the three water bodies analyzed.
EU Drinking Water Standard for As is 10 pug/L.

groundwater | estimated NBL
body [ng/L]
0610-PACS 33
0630-PPCS 4
2700-PACI 6

Fig. 2.5 depicts the sample relative frequency distribution of As for the three water

bodies analyzed. It also reports the distributions fa (¢), finr (¢) and (fuar (c) + finr (©))

e
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calibrated according to the methodology illustrated. Table 2.7 reports the corresponding
results in terms of NBLs and TVs.
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Table 2.7
Estimated NBLs and TVs of As obtained from (2).
EU Drinking Water Standard for As is 10 pug/L.

groundwater | 0610- 0630- 2700-

body PACS PPCS PACI
NBLjo [pg/L] 2 1 3
NBLyj [pg/L] 9 4 7
TV [ug/L] 9 7 8

Analysis of the figures (Fig. 2.5) reveals that the largest sample frequencies are
associated with low concentrations (less than 5 pg/L). This result in a Log-Normal
distribution more concentrated around low concentrations value and in a Normal
distribution with a high variance.

Close inspection of the estimated NBLs listed in Table 2.7 indicates that these are
not consistent with observed As occurrence in the solid matrix of the aquifers, effect of
natural attenuation processes and the reduction of withdrawals with increasing depth. This
is evidenced by the fact that the NBLy associated with the deep water body is lower than
that estimated for the upper body 0610-PACS.

This, and the observed differences in the estimated NBLgy between the water bodies
0610-PACS and 0630-PPCS support the idea that the complex dynamics of the As system
are poorly or only marginally interpreted by global statistical methods such as those
applied here. This argument is also supported by considering that the estimated NBLg, for
As is not consistent with analytical evidences supporting high As content in the solid
matrix which, in turn does not necessarily imply the occurrence of large As concentration
in solution. As a consequence, a relatively large NBL value is anticipated for this
compound in this particular groundwater body. Note that the estimated TV is above the
current limit set by regulatory standards in Italy (D. Lgs. 30/09) only in the water body
0610-PACS.

2.3.4 Temporal dynamics of NBLs

The temporal evolution of NBLs is here explored in the framework of CS with
reference to data collected in the two water bodies 0610-PACS and 0630-PPCS which are
representative of comparable average vertical elevations. The analysis considers NH4 and

B, in light of the observation that the methodology appears to provide NBL estimates

e
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which are inconsistent with the current field evidences related to As (i.e., observed high
As levels in the solid matrix are not always linked to large As concentration in solution)
and are unable to cope with the complex dynamics driving the evolution of the As
geochemical system. Within the record comprising 15 years of observations, temporal
windows of 10 and 7 years are employed to assess the impact of the observation time scale
on possible trends. The choice of these aggregation windows allows having a sufficiently
high number of data to obtain statistically reliable results. The analyses are performed
through moving windows with a 2 years overlap.

Fig. 2.6 and 2.7 depict the results for the estimated NBL;y and NBLgy of NHy in the
0610-PACS and 0630-PPCS water bodies, respectively, when the available data-set is
subdivided into 10 and 7 years observation windows. The associated NBLg, estimated on

the basis of the complete 15 years data record (horizontal line) is also reported.
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Fig. 2.6 - Temporal evolution of (a) NBLyy and (b) NBLo of NH4 in water body 0610-
PACS.
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The corresponding depiction for B is reported in Fig. 2.8. Table 2.8 presents the
estimated TVs for NHy after disaggregation of the data into temporal windows of 7 and 10

years width.
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Fig. 2.8 - Temporal evolution of (a) NBLgyy and (b) NBL( for boron in water body 0610-
PACS.
Table 2.8

TVs estimated for NH, on the basis of 10 and 7 years aggregation windows.
EU Drinking Water Standard for NHy is 0.5 mg/L.

groundwater body
0610-PACS 0630-PPCS
TV [mg/L] TV [mg/L]
Aggregation | 10 year | 7 year | 10 year | 7 year
years periods | periods | periods | periods
1995-2004 2.8 - 6.6 -
1997-2006 2.7 - 5.6 -
1999-2008 2.8 - 54 -
1994-2000 - 2.9 - 6.5
1996-2002 - 2.7 - 5.2
1998-2004 - 2.8 - 4.9
2000-2006 - 2.8 - 5.5
2002-2008 - 33 - 5.2

The corresponding results for B are included in Table 2.9 with reference to the water

body 0610-PACS (B is not critical for 0630-PPCS, as detailed in see Section 2.3.2).
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Table 2.9

TVs estimated for B on the basis of 10 and 7 years aggregation windows.
EU Drinking Water Standard for B is 1000 pg/L.

groundwater body

0610-PACS
TV [pg/L]

Aggregation | 10 year 7 year

years periods periods
1995-2004 900 -
1997-2006 894 -
1999-2008 901 -

1994-2000 - 879
1996-2002 - 867
1998-2004 - 889
2000-2006 - 903
2002-2008 - 907

Modest variations in the NHy NBLgy are observed over the time frame of the
monitoring campaigns within water body 0610-PACS (Fig. 2.6a). A uniform distribution
with a slight upward trend at the end of the observation period is notable in Fig. 2.6a,
when data are sub-sampled according to 7 years observation windows. Only mild temporal
variations are associated with NBL,y (Fig. 2.6b) when data are analyzed on the basis of 7
and 10 years observation windows. The results related to the 7 years aggregation window
appear to suggest that the estimated NBL;y and NBLg tend to an upper value within the
monitoring period.

Decreasing trends are observed for the NBLgy of NH, associated with water body
0630-PPCS (Fig. 2.7a), independently of the aggregation time adopted. The NH4 NBLyg
related to 7 and 10 years observation windows appears to reach asymptotically the value
of NBLy obtained from the string of 15 years of observations. NH4s NBL( values (Fig.
2.7b) are relatively stable, ranging between 0.4 and 0.6 mg/L.

The estimated TVs for NH4 show small time fluctuations and are always larger than
the reference threshold value prescribed by current Italian regulations (D.Lgs. 30/09).

When data are analyzed on the basis of 7 years observation windows, the NBLg

(Fig. 2.8a) of B displays an initial decreasing trend. The trend is then reversed with a
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relatively uniform increase, with values approaching the results related to the complete 15
years data-base. A qualitatively similar behavior is observed for NBL;( (Fig. 2.8b).

Values of NBLgy and NBL;y evaluated on the basis of the 10 years observation
windows display relatively uniform values. B TVs are subject to a slight temporal increase
and are always found to be lower than the threshold value prescribed by current Italian
regulations which can be adopted as a limit value.

Obtained results indicate that NBLs display some dynamic features. These depend
on the evolution and interplay of natural processes and anthropogenic impact developing
within a given groundwater body. Small temporal windows highlight the temporal non-
homogeneity of the data-set. Use of large observation scales for data aggregation appears

to lead to smoothing of the system behavior in the cases examined.

2.4. Conclusions
This study for natural background level evaluation of inorganic compounds leads to
the following main conclusions.

1. For the scenarios analyzed over the available observations distributed within a 15 years
monitoring period, Component Separation (CS) and Pre-Selection (PS) render
estimated values of NBLs which are associated with the same order of magnitude. The
ensuing estimated threshold values (TVs) are above (as in the case of NHy) or below
(for B) the threshold limits imposed by the Italian regulations in the water bodies
analyzed. The estimated TV for As is above the current limit set by regulatory
standards in Italy only in the water body 0610-PACS. The water bodies analyzed are
characterized by different responses, in terms of estimated NBLs, to the same chemical
species. This supports the need to clearly delineate water bodies within a large scale
aquifer system and to assess NBLs and TVs of target species separately for each
identified water body.

2. The results are consistent with the expectation that NBLs tend to increase with the
average depth of a water body. Within the field cases tested an increase in NBLs with
water body depth is found only in the case of NHy4 and to a lesser extent for B. From a
physical standpoint, this increase is expected because of (a) the decreasing amount of
withdrawals with depth and (b) the effect of natural attenuation processes. In addition
to these causes and mechanisms, the occurrence in deep water bodies of dissolved

compounds such as As can be the result of release mechanisms from the
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(heterogeneous) matrix of the host porous medium which are associated with high
concentrations of these sorbed species. When possible, statistical methods should
therefore be complemented by (a) robust experimental characterization of the
geochemical system and (b) modeling studies performed on the basis of
multicomponent reactive transport techniques.

3. The results suggest that methodologies based on global statistics such as Component
Separation (CS) are unable to embed the complex dynamics of compounds such as As.
As a consequence, these techniques do not allow to obtain estimates consistent with the
analyzed hydrogeochemical setting. A notable weakness of the methodologies analyzed
is the inability to consider possible correlations between different elements (e.g., high
concentrations of As in the presence of high concentrations of Fe) that could be the
result of natural processes and might jointly influence the system behavior.

4. Application of CS over different aggregation windows allows identifying temporal
dynamics of NBLs and TVs of target compounds within the observation time frame.
Identification of these dynamics can provide valuable information in the context of
evolving management strategies. This stresses the value of a dynamic monitoring
design and analysis of well demarcated groundwater bodies to update the associated
NBLs as a function of the temporal dependence of both anthropogenic impacts and

natural processes occurring in the subsurface.
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CHAPTER 3

Experimental characterization of arsenic release from different

solid matrices

3.1. Introduction

Chapter 2 illustrates the application of global statistical methodologies (i.e., Component
Separation and Pre-Selection) to evaluate natural background level (NBL) of inorganic
compounds, including arsenic (As), that can display concentration values in groundwater
larger than those envisioned by current regulations. This statistical application highlighted
that, whenever feasible, statistical methods should be complemented by robust
experimental characterization of the geochemical system.

Methodologies based on global statistics appear to be unable to explain the complex
dynamics of arsenic, providing NBL values which are inconsistent with the
hydrogeochemical setting of the study area. These methodologies do not allow to evaluate
possible correlations between different elements (e.g., high concentrations of As in the
presence of high concentrations of Fe) that could be the result of natural processes and
might jointly influence the system behavior.

Following these conclusions, the main goal of this chapter is to provide additional
elements to improve our understanding of geochemical dynamics of As and form the basis
for consistent estimates of natural arsenic concentrations in a target groundwater body.
This aspect is key to groundwater management strategies, a major challenge for the
distinction between anthropogenically and naturally induced arsenic concentration levels.

Confronting this problem typically requires laboratory scale experiments. These are
usually performed by means of batch/incubation tests (Reddy and Patrick, 1974 and 1976;
Gao and Mucci, 2000; Frohne et al., 2011) or (flow-through) column tests (Lim et al.,
2007; Nguyen et al., 2008; Razzak et al., 2009). Batch tests are commonly used to analyze
the effect of ORP (oxidation reduction potential) temporal changes, which in turn affect
pH (Yu et al., 2007) and could occur in a natural aquifer as a consequence of variations of
water table elevations.

A considerable body of evidence from laboratory studies shows that As is released
from soils following flooding and the subsequent development of anaerobic conditions

(e.g., Deuel and Swoboda, 1972; Hess and Blanchar, 1977; McGeehan, 1996; Frohne et
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al., 2011). Guo et al. (1997) measure the rate of As release from spiked sediments under
progressive reducing conditions, and attribute such release predominantly to the
dissolution and desorption from Fe and Mn oxides. Matis et al. (1997) analyze adsorption
of As(V) on synthetic goethite in a batch test and interpret the experimental data by a
Langmuir isotherm. Batch tests are also employed to evaluate As adsorption and/or
kinetics and/or dissolution of several mineral phases such as, for instance, siderite, green
rust (fougerite) and magnetite (Jonsson and Sherman, 2008), calcite (Alexandratos et al.,
2007), and scorodite (Harvey et al., 2006). Frohne et al. (2011) use an automated
biogeochemical microcosm system to assess the effect of redox potential on the mobility
of several metals, including As, by imposing stepwise ORP variations from reducing
(approximately —300 mV at pH 5) to oxidizing (+600 mV at pH 5) conditions. These
authors find that As concentrations in solution decrease significantly with increasing ORP
and conclude that low ORP promotes As mobility.

Several experiments as well as theoretical modeling attempts based on thermodynamic
data (e.g., Davis and Ashenberg, 1989; Vink, 1996; Sadiq, 1997) have been performed to
characterize As mobility. Batch tests are often performed by employing soil samples
which are artificially contaminated (e.g., by mining or pesticides) or enriched with
synthetic As solutions (e.g., Manning and Goldberg, 1997; Smith et al., 1999; Nguyen et
al., 2008) to identify the mechanisms governing As release. These tests typically employ
distilled or deionized water (e.g., Masscheleyn et al., 1991; Burnol et al., 2007) or tap
water (e.g., Nguyen et al., 2008). Only a limited set of experiments consider real untreated
natural soils (Pfeifer et al., 2004; Frohne et al., 2011) and no tests document the amount of
As released from a natural solid matrix subject to redox changes consistent with ORP and
pH values measured at field scale. While a few studies analyze the influence of organic
matter (i.e., peat or humic/fulvic acids) on As adsorption on mineral phases (e.g., Grafe et
al., 2002; Pfeifer et al., 2004; Weng et al., 2009), no studies document As release from
deep vegetal matter.

In this context, this Chapter illustrates the results of batch laboratory tests performed on
different types of solid matrices which are representative of the natural host porous
medium occurring in a deep groundwater system in the Emilia-Romagna Region, Italy.
This study aims at reproducing at the laboratory scale real conditions occurring in these
deep aquifers. As opposed to the common practice of analyzing surface soil samples
collected at depths of 5 - 35 cm (e.g., Masscheleyn et al., 1991; Chatain et al., 2005),

experiments are performed on samples collected at a depth larger than 45 m for which no
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(or minimal) anthropogenic effects have been observed. Water sampled from the same
groundwater body from which the solid matrix was extracted is employed in the
experiments as opposed to the common laboratory practice of using distilled or deionized
water or of tap water. As detailed in Section 3.2.2, this water is characterized by As
concentrations below the detection limit.

The solid matrices samples collected from the aquifer were subject to (a) alternated and
controlled redox conditions in a batch reactor, mimicking natural field conditions, and (b)
further geochemical analyses, to improve the characterization of As distribution within the
tested solid matrices and discriminate between different arsenic-bearing phases. These
information can be obtained by analyzing As partitioning within a specific solid matrix by
means of (a) fractionation studies by sequential extractions (Manful et al., 1994; Bombach
et al., 1994; Voigt et al., 1996; Kavanagh et al., 1997; Matera et al., 2003), or (b)
speciation analysis by e.g., ICP-MS (e.g., Pantsar-Kallio and Manninen, 1997). The last
few decades have witnessed a markedly increased interest in the use of indirect
approaches for these types of characterizations, such as selective sequential extractions
(SSE). These are essentially based on the application of a series of reagents to a solid
matrix sample to sub-divide the total metal content occurring in each extracted phase
(Bacon and Davidson, 2008). Sequential extraction methods represent valuable tools to
distinguish trace element fractions associated with different solubility according to the
mineralogical phases to which they are bounded (Hlavay et al., 2004) and provide useful
information to understand natural processes involving the soil-water environment (Bacon
and Davidson, 2008). This approach has been used to characterize a wide variety of
substrates such as agricultural soils (Mocko et al., 2003), forest soils (Inaba and Takenaka,
2005; Sipos et al., 2005), soils amended by organic wastes (Chaudhuri et al., 2003; Yoo
and James, 2003; Bhattacharyya et al., 2005), urban soils (Yang et al., 2006), sewage
sludge (Chen et al., 2005; Fuentes et al., 2004), or composts (Zheng et al., 2004) and
evaluate metal fractionation, bioavailability and mobilization. SSE is widely used to assess
the impact of human activities, such as mining, on environment (Basilio et al., 2005;
Galan et al., 2003; Kraft et al., 2006) or to evaluate the effectiveness of clean-up strategies
on metals removal from contaminated sediments and soils (Friesl et al., 2003; Rodriguez-
Jorda et al., 2010).

Several sequential extraction procedures are available in the literature for elements
producing anionic species such as arsenic (e.g., Tessier et al., 1979; Shuman 1985;

Gleyzes et al., 2001; Pagnanelli et al., 2004; Claff et al., 2010). Basically, the procedure
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enables one to distinguish the metal fractions which are exchangeable, bound to
carbonates, iron and manganese oxihydroxides and oxides, or organic matter, and
restrained in the residual portion of the matrix. From these basic schemes, new procedures,
which differ in terms of the amount and type of reagent used, have been proposed in
literature (e.g., Tretner, 2002; Matera et al., 2003) to allow extracting specific fractions
and improve characterization of arsenic-bearing phases. Hudson-Edwards et al., (2004)
presented a detailed overview of SSE schemes employed to analyze solid-phase
partitioning of As in soils and sediments. Most of the studies involving SSE and As have
been targeted at assessing the mobility and availability of arsenic in mine wastes (e.g.,
Ahn et al., 2005; van Elteren et al., 2006), contaminated sediments (e.g., Damris et al.,
2005; Jay et al., 2005) and contaminated soils (e.g., Matera et al., 2003). Studies of arsenic
natural distribution in particular areas with high natural concentrations involving
sediments (e.g., Bhattacharya et al., 2006), peat (Gonzalez et al., 2006), and coal (Guo et
al., 2004) are also available in literature.

This Chapter is devoted to the illustration of the results of SSE applied to four solid
matrices representing natural host rocks occurring in a deep groundwater system in the
Emilia-Romagna Region, Italy. Partitioning percentages of As within each solid matrix

analyzed is detailed on these bases.

3.2. Materials and methods
3.2.1 Study area

Water and solid matrix samples were collected from a confined groundwater body
located near the city of Bologna (Emilia-Romagna Region, Italy). As detailed in Section
2.2.1 of Chapter 2, the analyzed groundwater body (i.e., 0610-PACS) is part of the Po
Basin. The latter constitutes a syntectonic sedimentary wedge (Ricci Lucchi, 1984)
forming the infill of the Pliocene-Pleistocene foredeep. The aquifer system is mainly
composed of coarse deposits with subordinate clay, and scarce sand deposits (Regione
Emilia—Romagna, 2010).

Continuous monitoring of oxidation/reduction potential (ORP) in the aquifer is
available between 1987-1998 and indicates the occurrence of relatively stable and slightly
reducing conditions (median monitored ORP value is +10 mV) in the groundwater body
analyzed. This is consistent with (a) the occurrence of organic matter, i.e., paleo-peats

(Amorosi et al., 1996; Cremonini et al., 2008) and vegetal matter which are observed in
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the cores sampled at different depths, and (b) the detection of the reduced form of nitrogen
(i.e., NHy) in water samples.

The typical As hot-spot behavior (Charlet et al., 2007) was observed in the analyzed
groundwater body through the extensive network of monitoring wells managed by ARPA
- Regional Agency for Environmental Protection. Arsenic concentrations in this reservoir
have been monitored for over 20 years and showed the occurrence of specific localized
areas where As concentrations in water reach values which are 10 times larger than the
limit value of 10 pg/L. Previous studies (e.g., Zavatti et al., 1995) hypothesized the
possible natural origin of As in the overall Po Basin fill of Emilia-Romagna. Additional
studies in the Region (Martinelli et al., 2005; Marcaccio et al., 2005) highlighted that
possible changes in redox potential, linked to the changes in water table level as a result of
withdrawals, could lead to the dissolution of minerals (basically iron oxides/hydroxides)
where As is naturally adsorbed (Postma et al., 2007; Berg et al., 2007) or contained in
their crystalline structure. This hypothesis is consistent with other studies (e.g., Harvey et
al.,, 2002; Du Laing et al., 2009) according to which the location of the oxic—anoxic
interface is subject to change due to fluctuating water table levels caused by pumping
activity or seasonal lowering that promote the reduction of As-binding phases and result in

high As concentrations in groundwater.

3.2.2 Water and solid matrices sampling

Experiments employed water collected in a borehole located in the analyzed
groundwater body, as opposed to distilled, deionized or tap water which is typically used
in most reported experiments (e.g., Masscheleyn et al., 1991; Burnol et al., 2007; Nguyen
et al., 2008). This enables one to closely reproduce field conditions to which the solid
matrix is exposed. Measurements taken at a six-month interval over 20 years at the water
sampling location show As concentrations to be always below the detection limit. Other
anthropogenic indicator parameters show no significant human influence (chlorides < 30
mg/L, nitrates < 1 mg/L, sulphates < 1 mg/L) on the selected sampling point.

Several samples of the solid matrices were collected and characterized at varying
depths along different boreholes spanning the overall thickness and planar extent of the
selected multi-layered aquifer. These samples have been collected in 2007 and stored in a
facility managed by Geological, Seismic and Soil Survey of Emilia-Romagna Region. On

the basis of this preliminary screening, two cores were isolated (i.e., Bentivoglio and
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Minerbio) in a particular area of the reservoir where monitored dissolved As

concentrations showed large relative values. Table 3.1 reports metal concentrations in

solid phase for each core at different sampling depths.

Table 3.1
Metal concentrations in solid phase for the two selected cores at different sampling depths.
o o z Al As Cd Cr Fe Pb K Mn Ni Cu Na Zn Ca Mg
5 E. :é mg/keg | mg/kg | mg/kg | mghkg | mg/kg | mg/kg | mghkg | mg/ke | mg/kg | mg/hkg | mg/kg | mg/kg | mghkg | mglkg
&3
4150 | 19354 | 1.9 <0.2 | 749 | 19450 | 9.1 6000 | 801 229 | 135 155 39.8 | 69000 | 6250
44.40 | 13894 | 7.9 <0.2 | 42.0 | 16950 | 5.5 4400 | 845 20.9 8.6 125 31.6 | 85000 | 5750
° 4825 | 13476 | 62.5 | <0.2 | 29.9 | 61000 | 5.3 4150 | 416 13.4 9.0 140 30.1 | 60000 | 4750
.En 4830 | 17156 | 8.6 <0.2 | 40.1 | 20800 | 6.9 5650 | 710 19.0 | 10.6 340 37.3 | 76000 | 9250
2 52.30 | 14056 | 4.2 <0.2 | 358 | 17550 | 5.7 | 4750 | 757 16.7 | 10.2 130 38.8 | 72000 | 5750
% 57.90 | 21040 | 7.3 <0.2 | 474 | 24350 | 7.9 6950 | 807 243 | 14.8 165 41.1 | 65000 | 8000
R 70.30 | 19572 | 3.6 <0.2 | 451 | 17750 | 10.0 | 6350 | 616 18.8 | 15.0 145 39.9 | 63000 | 7000
72.50 | 9962 3.8 <02 | 254 | 12200 | 4.5 3150 | 709 9.6 6.3 120 25.5 | 62000 | 4750
74.50 | 45740 | 669 | <0.2 | 76.6 | 36000 | 13.3 | 8000 | 339 305 | 149 370 59.7 | 19000 | 5250
3120 | 8368 | 1.4 | <02 | 30.6 | 10600 | 52 [ 3050 | 394 | 134 | 52 [ 115 | 22.4 [ 54000 | 4250
o | 32905198 | 12 | <02 [ 246 | 7250 | 29 [ 1900 | 387 | 7.0 | 2.9 | 100 | 13.5 | 50000 | 2750
2 734710 5882 | 1.9 | <02 | 428 | 8350 | 3.3 | 2100 | 527 | 148 | 32 | 85 | 15.0 | 64000 | 4250
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Large As concentrations are observed in core Bentivoglio at depth 48.25 m (Fig. 3.1a)

and 74.50 m (Fig. 3.1b). The solid matrix sampled from this core at these two specific

depths has therefore been selected for the tests.

Fig. 3.1a— Core Bentlvogho at depth 44- 48 m. Sampled points are marked with red

circled
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Fig. 3.1b — Core Bentivoglio at depth 72-76 m. Sampled points are marked with red
circled.

Samples of organic matter, i.e., fossil vegetal matter, have been collected at the 48.25
m depth. These represent a dimensional fraction larger than 2 mm (Fig. 3.2) and have been
obtained by dry sieved analysis which was performed before disintegration of the sample
for chemical analysis. The occurrence of organic matter at these depths is likely to be the
result of fossil deposition. A characteristic ocher color (Fig. 3.1a) of the surrounding sand
was observed at this sampling depth. This could be indicative of the occurrence of iron

oxides onto which As could have been adsorbed.

Fig. 3.2 — Fossil vegetal matter collected at the sampling location Bentivoglio

Table 3.2 reports grain size distribution of the solid matrix at different depths along the
selected core. Grain size determination were carried out on a few sub-samples by
granulometer TDF 3F, with a wet sieved in a range 2000 pum to 2 pum in four size fractions
(2000-50, 50-20, 20-2 and <2 pm). Sandy matrix is mainly present (84.2%) at the 48.25 m
depth. The sample collected at the 74.5 m depth is mainly composed of sand (45.8%) and
silt (32.1%). Occurrence of a sand fraction exceeding 75% is indicative of samples
belonging to the target aquifer. The deepest sample (i.e., depth of 74.5 m) represents the

bottom of the aquifer, which is in direct contact with the existing aquitard.
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Table 3.2
Particle size fractions at various depths along the core Bentivoglio
Sand Silt Silt Clay
Sampling
2000-50 pm | 50-20 pm | 20-2pm | <2 pm
depth (m)
% % % %
41.5 80.9 7.8 4.3 7.0
44.4 91.2 2.3 2.5 4.0
48.25 84.2 6.0 5.3 4.5
48.3 87.6 3.8 2.8 5.8
52.3 91.2 1.0 2.8 5.0
57.9 78.2 7.5 5.3 9.0
70.3 80.4 6.3 7.3 6.0
72.5 92.9 1.8 1.0 4.3
74.5 45.8 16.8 32.1 5.3

The borehole where solid matrix is extracted was included in 2008 in the extensive
ARPA groundwater monitoring network. Groundwater composition in this point is thus
available and can be compared with chemical species concentrations detected during the
tests.

The matrix sampled at 48.40 m depth was divided into two subsamples according to
granulometric fraction. The first subsample is here termed matrix A and comprises mainly
sandy material. It is characterized by a granulometric fraction with particle size less than 2
mm which does exceed 89% of the total sample collected at 48.40 m. The second
subsample is termed matrix D and is constituted by vegetal matter. It is associated by a
granulometric fraction characterized by the occurrence of grain sizes larger than 2 mm
over 11% of the total sample.

Samples from two additional solid matrices were respectively collected close to the
bottom of the aquifer and in the proximity of the bottom of the aquifer, close to the
detected aquitard. These were collected at 73.5 m and 74.5 m depth and respectively
termed B and C. Matrix B comprises mainly sand, while matrix C is mostly constituted by
silt. Table 3.3 summarizes the type and the depth of the four solid matrices collected for

the tests.
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Table 3.3
Solid matrices employed for the tests

Matrix Granulometric Sampled
fraction type depth (m)
A sand 48.4
B sand 73.5
C silt 74.5
D vegetal matter 48.4

3.2.3 Selective sequential extraction protocol

Amongst the various protocols available in the literature for SSE, the methodology
proposed by Torres and Auleda (2013) has been employed in this work to characterize the
solid matrix. This sequential extraction procedure allows to distinguish seven fractions: (1)
water soluble, (2) exchangeable (i.e., carbonates), (3) low crystalline (i.e., Fe and Mn
oxyhydroxides), (4) crystalline (i.e., Fe and Mn oxides), (5) organic matter, (6) sulfides
and (7) residual.

Sequential extractions allow to (a) obtain information about arsenic distribution among
the different solid phases detected in the selected solid matrix and (b) evaluate the relative
contribution of these fractions to the observed field concentrations. These findings,
coupled with the experimental evidences presented in the following, could be of potential
use in groundwater preservation strategies because they form the basis to understand
which fraction prevalently adsorbs As and under which conditions As can be released to

groundwater.

3.2.4 Chemical analysis of the solid matrices

Mineralogy of the solid matrices was determined by XRD analysis (Philips, Cu-anode).
The sample was homogenized by means of dry physical disintegration at 500 um for the
chemical determination of total content of elements. This was determined according to the
methodology of UNI EN 13346 (2002), i.e., 0.5 g of dried homogenized sediment was
moistened with 3 mL of HNOs 65%, 9 mL of HCIl 37% in Teflon close beakers. The
mixture was treated with a microwawe system Milestone 1200 MEGA according to five
steps: (a) 8 minutes at 1500 W - temperature 130°C; (b) 5 minutes at 1500 W — 130°C; (c)
5 minutes at 1500 W — 200°C; (d) 10 minutes at 1500 W — 200°C; and finally (e) 10
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minutes for the rapid refrigeration at 20°C. Digests were diluted to 50 mL with deionized
water to analyze the soluble fraction after filtration at 0.45 um hydrophilic syringe filter
(Minisart, Goettingen, Germany). The fractions extracted were then analyzed by ICP-MS
AGILENT 7500ce for As and Fe content. All analytical reagents employed were
characterized by high grade purity. All analytical procedures have been validated using
certified and/or internal reference materials.

Table 3.4 reports total chemical element concentration in the different solid matrices
tested. Arsenic concentrations in vegetal matter (solid matrix D) are more than one order
of magnitude larger than those detected in the other solid matrices. This highlights the
significantly different As content that could give rise to different behaviors of these solid
matrices during the experiments. Arsenic content in silt (solid matrix C) is larger than that
observed for the two sandy matrices (matrices A and B). Differences between As and Fe
content measured in the solid matrices employed in the experiments (see Table 3.4) and
those observed in the borehole at depths of 48.25 m and 48.30 m and 74.5 m (see Table
3.1) are due to the heterogeneous structure of the solid matrix and possible mixing and
subsequent homogenization of different matrices during sampling operations. Comparison
of As content in matrices A, B and C along the same borehole shows that the adsorbed
concentration in different solid matrices increases with the sampling depth and tends to be
largest for the smallest characteristic particle sizes observed at a given sampling depth.
Considering that A and B are sands while C is a silt, it can be observed that the largest As
content associated with matrix C is consistent with the largest specific area characterizing

C matrix particles.
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Table 3.4
Concentration of chemical elements in the tested solid matrices
Solid matrix (depth)
Element A B C D
(mg/kg ss) (48.4 m) (73.5 m) (74.5 m) (48.4 m)

Al 17508.7 8834.7 54493.3 5669.0
As 15.3 36.0 494 225.2
B 21.7 <20 59.9 13.7
Cd <0.2 <0.2 0.2 0.2
Cr 38.7 214 99.7 28.2
Fe 23406.7 13982.0 39246.7 42590.0
Pb 6.4 4.8 17.6 6.1
K 3533.3 1906.7 15800.0 1896.7
Mn 730.5 849.7 750.3 203.7
Ni 28.5 20.4 86.0 20.0
Cu 10.4 6.9 35.0 18.2
Na 233.3 168.3 676.7 1110.0
Zn 32.8 36.3 130.6 22.8
Ca 69333.3 60666.7 40733.3 63566.7
Mg 5703.3 4216.7 9633.3 2473.7

3.2.5 Reagents employed for the batch test

A common laboratory practice which allows obtaining a closed system under anaerobic
conditions involves either the use of an anaerobic chamber or the addition of pure nitrogen
(N») gas to the sample. Here, pure argon (Ar) was used to replace oxygen because (a) it is
chemically inert, and (b) it does not produce additional secondary compounds, contrary to
nitrogen. Note that the large atomic weight of Ar (39.948 g/mol) facilitates the
replacement of oxygen (atomic weight 15.999 g/mol) by Ar (e.g., Reddy and Patrick, 1974
and 1976) and the efficient lowering of ORP to induce reducing conditions.

Since pure Ar flux does not allow obtaining strongly reducing conditions in a relatively
short time, a small amount of sodium ascorbate (CcH;70¢Na) was supplied to the system to
obtain a strongly reducing environment. Sodium ascorbate has been reported to increase
the solubilization of As and Fe without significant alteration of the pH (Chatain et al.,
2005) and has been used in a column test to obtain a reducing environment (Nguyen et al.,
2008). Reverting the system to oxidizing conditions is accomplished by supplying O, gas
with a very minute amount of H,O; (e.g., Voegelin and Hug, 2003), at 50% in volume and

diluted to 15%.
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3.2.6 Experimental setup

Fig. 3.3 depicts the details of the experimental setup adopted. The apparatus comprises
a conical flask filled with the solid matrix and water where redox and pH variations are
continuously monitored by ORP and pH electrodes connected with a PC recorder. An
advantage of the adopted system is that redox conditions are well defined, can be modified
rapidly, and allow clear reproducibility of the experimental conditions.

A 2L glass vessel hermetically sealed with an air-tight lid is at the core of the setup. It
is equipped with a magnetic stirrer, a combined ORP platinum electrode with a silver-
silver chloride (Ag/AgCl) reference (Intelligent ORP Electrode HI 3620D, Hanna
Instruments), a combined pH electrode with an Ag/AgCl reference (Intelligent pH
Electrode HI 1618D, Hanna Instruments) integrated with temperature sensor. These
sensors allow measuring ORP, pH and temperature at a very high temporal resolution (i.e.,
every 30 sec). Data collected by the sensors are recorded on a computer via two data
logger (HI 98150N, Hanna Instruments). The system is also equipped with an inlet gas
tube to adjust the ORP by adding Ar or O,, respectively to lower or increase ORP. A
cylindrical membrane is placed at the end of the inlet tube with the aim of producing small
gas bubbles associated with a high specific surface and improving gas diffusion within the
system. A non-return gas exit valve connected to the system by a plastic tube is also set in
place. The system is equipped by a sampling tube to collect water samples at different
times and analyze As concentrations under the different redox conditions tested. To avoid
any external contact, the sampling tube is equipped with an on/off valve opened only
during the sampling operations performed through a syringe. A syringe is also employed
to inject a specific reagent in the system to increase (using H,O, at 15% in volume) or
lower (using sodium ascorbate) the ORP. To obtain a temperature which is similar to what
can be found at the reservoir sampling depths the vessel was wrapped with a tygon tube to
allow water circulation and linked it to a thermostat set to keep a constant temperature of

15°C during the test.
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PC
recorder

1 non-return gas exit valve 8 magnetic stirrer bar

2 gas inlet tube 9 cylindrical membrane for gas diffusion
3 sampling/ORP regulation tube 10 pH electrode

4 on/off valve 11 ORP electrode

5 syringe for sampling and reagentinlet 12 argon cylinder

6 airtight lid 13 oxygen cylinder

7 thermostat 14 gas flux regulation valve

Fig. 3.3 — (a) schematic design and (b) picture of the experimental setup.

3.2.7 Laboratory tests

Experiments are performed under alternating redox conditions according to the
following three phases: (1) a reducing stage which is maintained for 48 h (at -150 mV for
solid matrix A, B and C and -60 mV for solid matrix D); (2) an oxidizing stage which is
sustained for 48 h (at +150 mV for all solid matrices); and (3) a final reducing stage
sustained for 72 h. Differences in ORP ranges adopted during the reducing stages are
related to different characteristics of the solid matrices. The sandy matrices A and B and
the silty matrix C result in a slightly alkaline slurry so that strong reducing conditions are
attained without overstressing the system. Vegetal matter D results in an acidic slurry (pH
values from 5.2 to 3.9). These low pH values render it difficult to reach strongly reducing
conditions, consistent with the Nernst equation (Scott and Morgan, 1990).

Preliminary tests were performed on solid matrix A to design the optimal reagent
amount and the duration of each test phase, as summarized in Table 3.5. Tests on solid
matrices B and C are associated with an overall duration of 5 days (about 96 hours) while
matrices A and D were tested for 7 days (about 168 hours). These differences are linked to
the objective of investigating solid matrix behavior when reducing/oxidizing conditions
are highly persistent. Duration of the first and second stages for solid matrices B and C

and matrices A and D was respectively 24 and 48 hours. The third stage spans 48 and 72

I
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hours, respectively for matrices B and C and matrices A and D. The first water sample was
collected after 30 min of stirring and is considered as representative of the initial
conditions of the system. Argon flux at 0.9 bar was supplied to remove free dissolved
oxygen in water and bring the system to +50 mV. Once this slightly reducing condition is
attained, a second sample was taken and 1 mL of sodium ascorbate 1M was then added to
lower the ORP and reach the target strongly reducing conditions. Each 10 mL solution
sample was passed through a 0.45 um hydrophilic syringe filter (Minisart, Goettingen,
Germany) to analyze the soluble fraction. Samples were collected during the 4 h following
sodium ascorbate injection (for all solid matrices) and after 20 additional hours (only for
matrices A and D), according to a scheduled sampling interval, as detailed in Table 3.5.
The oxidizing step was obtained by supplying O, gas and about 1 mL of H,O,. Samples
were then collected during the subsequent 4 h (for all solid matrices) and during the 24
hours following O, supply (only for matrices A and D). During the third reducing stage
and for all tested matrices, samples were collected after 0.25, 0.5, 0.75, 1, 1.5, 20, 8.5
hours from the first sodium ascorbate injection. The last sample was taken after 40 hours
for the A and D matrices and after 15.5 hours for matrices B and C. Table 3.5 summarizes

the sampling protocol adopted.
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Table 3.5
Sampling intervals adopted for each stage of the test and time elapsed from the first
gas/reactant injection.

Gas/reactive | Elapsed time | Tested
L : . Stage
injection for sampling | matrices

Ar/ C6H7O6Na 15 min

30 min
All

45 min

60 min
reducing

90 min
20 hours
8.5 hours
15 hours
0,/H,O, 15 min

Only A
and D

30 min
All

45 min

60 min
oxidizing

90 min
20 hours
8.5 hours
15 hours
Ar/C¢H;04Na 15 min

Only A
and D

30 min

45 min

60 min All

90 min reducing

20 hours
8.5 hours
40 155 | A | B
hours | hours | D | C

The amount of solid matrices and volume of water used for the tests are reported in

Table 3.6.
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Table 3.6
Amount of solid matrices and volume of water used in each test

Amount Volume of water
Solid matrix
used (g) used (mL)
A, sand 350 1800
B, sand 350 1800
C, silt 260 1550
D, vegetal matter 100 880

Differences of the amount of matrix and water used are related to (a) the small amount
of vegetal matter and silt available from the field core and (b) the need to avoid excessive
dilution of released As. The solid matrix analyzed in each test was placed in water for
about 2 days before the test to allow rehydration. The vessel was then sealed to obtain a
closed microcosm and the slurry was stirred to homogenize the mixture solid
matrix/water. ORP, pH, and temperature were then automatically recorded and stored for

the duration of the tests.

3.2.8 Analytical methods for solution sampling

Each 10 mL solution sample was treated before analysis with 0.3 mL of HNO3 65%.
Element concentrations were determined using atomic absorption spectroscopy with flame
(PERKIN ELMER 1100B) for Fe content and inductively coupled plasma mass
spectrometry (AGILENT 7500ce) for As content.

All analytical procedures have been validated using certified and/or internal reference
materials. Assessment of repeatability and method precision as well as accuracy using
quality control samples at different concentration levels were investigated according to
UNI CEI ENV 13005 (2000) and ISO ENV 13005 (1999) protocols. The relative standard
deviation values for repeatability and intermediate precision were 4% for As and 6% for
Fe. All concentrations have been corrected against volume changing due to aliquots of

removal samples and reagent injections according to the formulation of Frau et al. (2008).
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3.3. Results and Discussion

The complete set results of the tests performed on the sampled solid matrices is here
presented. Only ORP was controlled during the tests while pH was left free to evolve
naturally to mimic conditions occurring in the field. The mechanism triggering arsenic
release/adsorption in all tests was the abrupt and rapid change of redox conditions leading
to the largest concentrations of dissolved arsenic detected when reducing conditions were
persistent. This was particularly evident for the test performed on solid matrix D, as
detailed in the following. Comparison of the amount of As release from solid matrices A
and D at the same depth against dissolved As concentrations measured at the field scale in
the aquifer system subject to our investigation is also described. The Section is concluded

with a presentation of the SSE analyses on As partitioning in the four solid matrices tested.

3.3.1 Solid matrix A (sand)

Fig. 3.4 depicts the XRD results for solid matrix A. These reveal that the sand sample is
mainly composed by quartz (46%), calcite (18%), gypsum (11%), plagioclase (10%),
feldspar (6%), mica (4%), and chlorite (5%). The peak at 2-Theta = 21° could be
consistent with the presence of goethite at trace levels. Goethite and quartz are known to
adsorb As (Smedley and Kinniburgh, 2002 and references therein). Therefore, the
significant occurrence of quartz in matrix A is consistent with the As concentration

measured in the solid matrix (see Table 3.4).
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Fig. 3.4 — Results of the XRD analysis performed on solid matrix A (sand).
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Fig. 3.5a shows the temporal dynamics of ORP and pH measured during the test. The
reducing and oxidizing steps can be clearly identified. The solution displays a small pH
variation in the range 6.9 + 7.7. Once the target ORP value is achieved (= 150 mV,
positive or negative depending on the stage), the system was left free to evolve naturally

and the ensuing ORP and pH trends can be considered as the result of naturally occurring

processes.
ORP (mV) Solid matrix A pH
200 8
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Fig. 3.5 — (a) Temporal variations of ORP and pH during the test on solid matrix A (sand);
(b) ORP, Fe and As (X 1000) concentrations. Solid and dashed lines are drawn for visual
aid.
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The corresponding depiction of the concentrations of dissolved As and Fe observed
during the experiment (displayed together with the recorded ORP values for comparison
purposes) is reported in Fig. 3.5b. Arsenic release from the crystalline structure of As-
bearing minerals is facilitated by sharp changes from oxidizing to reducing conditions and
in the presence of a persistent reducing environment (more than 72 hours in our tests).
Data reveals a good correlation between As and Fe, consistent with the results of Nickson
et al. (2000) and Anawar et al. (2003). This supports the key role of Fe mineral phases on
As mobility in both reducing and oxidizing conditions revealing that, despite the
occurrence of other minerals which are basically constituted by other geogenic elements,
Fe phases appear to display the highest affinity to adsorption of dissolved As and therefore
play a prominent role in driving As mobility.

Arsenic release displays a distinct behavior when the solution is brought to reducing
conditions: (a) As concentration increase at an approximately linear rate and with a steep
slope during the initial rapid change from oxidizing to reducing conditions; (b) As
concentration continues rising, albeit at a lower rate, during both reducing stages when
ORP evolves freely; and (c) the As in solution increases significantly under persistent and
strongly reducing conditions (see the last sampling point in Fig. 3.5b).

The observed behavior of As and pH is consistent with observations by Stumm and
Morgan (1996), who showed that arsenate adsorption on iron-oxide surfaces increases
when there is a change in iron-oxide net surface charge from positive to negative. This
happens when the pH reaches (or exceeds) the zero-charge point, which is about 7.7 for
goethite (crystalline iron oxide). Furthermore, the observed decrease in As concentrations
is also consistent with the studies of Fuller et al. (1993) who highlight an initial rapid
adsorption uptake (in a time frame of less than 5 min) followed by continuous uptake for
at least 8 days because of As diffusion to adsorption sites on Fe(OH)s; surfaces.
Considering the rate at which As adsorption could occur, 90% of adsorption might have
been reached within a few hours (Sadiq, 1997).

Arsenic concentration in water was then expected to decrease during the successive
oxidizing phase taking place under free ORP evolution, as a consequence of the high
adsorption capacity of iron oxides favored by the induced oxidizing environment. A slight
reduction of the ORP occurs during the oxidizing phase due to possible reducing processes
which might have occurred in the system, even in the presence of global oxidizing
conditions. This is consistent with the slight increase of dissolved arsenic detected during

this experimental step (Fig. 3.5b).
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One of the main mechanisms of As release is the reductive dissolution of the solid
matrix bound to Fe(Ill) oxy-hydroxides. Significant Fe concentrations should be expected
coupled with high As release, consistent with studies documenting a positive correlation
between Fe and As (Nickson et al., 2000; Anawar et al., 2003). Fig. 3.5b shows that a
sudden, albeit small, release of Fe takes place during the first day of reducing conditions,
representing the release of the rapid exchangeable fraction. After this step, and still under
reducing conditions, a seemingly linear variation of Fe concentration with time is
observed. No significant Fe release is observed during the oxidizing stage, consistent with
the Fe adsorption mechanisms already explained. An increase in Fe concentration is
observed during the transition to the third experimental phase, switching from oxidizing to
reducing conditions, consistent again with iron-oxide dissolution. This dissolution
continues when reducing conditions are stable and persistent for long time resulting in

increased Fe release.

3.3.2 Solid matrix D (vegetal matter)

Fig. 3.6a displays the ORP and pH temporal variation observed during the test
performed with soil matrix D. Similarly to the test carried out on solid matrix A, the two
reducing stages (ORP about -60 mV) and the oxidizing step (ORP about +150 mV) can be
clearly identified. The test was performed under acidic conditions (pH vary in the range
3.9 + 5.1), consistent with the possible occurrence of humic acids bound to the vegetal
matter constituting solid matrix D. Dissolution/precipitation of minerals should not
influence significantly the composition of the resulting slurry because the main solid phase
in this test is vegetal matter. The system seems to reach redox equilibrium conditions more
rapidly than solid matrix A (Fig. 3.6a shows that limited variations of ORP and pH occur

within each experimental stage).
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Fig. 3.6 — (a) Temporal variations of ORP and pH during the test on solid matrix D
(vegetal matter); (b) ORP, Fe and As concentrations. Solid and dashed lines are drawn for
visual aid.

Fig. 3.6b depicts Fe and As concentrations measured in solution as a function of the
sampling time. Observed trends were similar to those observed in the experiment
performed on matrix A. The actual measured values are consistent with (a) the larger As
content characterizing solid matrix D (see Table 3.4) and (b) the possible catalytic role
played by organic matter for both oxidation and reduction reactions (Senesi and Steelink,

1989; Perlinger et al., 1996). Note that Fe concentrations in Fig. 3.6b are expressed in
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mg/L. because they are larger than values reported in Fig. 3.5b emphasizing the
significance of Fe release in this test.

The relatively high concentrations detected at the end of each reducing stage are
consistent with organic matter decomposition. The latter is induced by the reduction of
dissolved O, concentration, and results in increased dissolved CO, that enhanced the
denitrification. Under reducing conditions Fe and As appear as Fe(Il) and As(IIl), turning
adsorbed oxides into soluble forms (Pierce and Moore 1982). The increase in dissolved As
concentration appears to be consistent with replacement of As from adsorption sites by
competing anions (e.g., HCO3).

Arsenic concentrations in solution during the test were very large, highlighting the
significance of As release from the natural organic solid matrix tested. Arsenic
concentration in solution decreases rapidly after the fast change from reducing to
oxidizing conditions. It subsequently displays a slightly increasing trend during the
oxidizing stage. This observation is consistent with As adsorption onto iron
(oxy)hydroxides formed as a result of imposed oxidizing environment and the possible
formation of aqueous complexes promoted by the binding capacity of organic matter.

Fast release of Fe, representing the rapid exchangeable fraction bound to vegetal
matter, is observed during the first day of induced anaerobic conditions. Anaerobic
degradation, started after 24 hours of imposed reducing conditions, causes the dissolution
of iron minerals phases, which are present in trace amounts, and the breaking of bonds
linking iron complexes to vegetal matter. Consistent with these two possible mechanisms,
a significant increase in Fe concentration was then observed from about 200 mg/L to about
450 mg/L at the end of first reducing stage.

Rapid decrease of Fe concentration was observed during the transition to oxidizing
conditions (Fig. 3.6b, after about 50 h from the beginning of the experiment), consistent
with Fe oxidation and binding processes of organic matter. This is then followed by
concentration values fluctuating around a value of 380 mg/L during Stage 2. This behavior
may be consistent with the possible precipitation, as hydroxide, of the Fe transferred in
solution by aerobic oxidation of the organic substance.

Iron concentration increases sharply during the transition to the third (reducing) stage.
Finally, it is noted that Fe concentrations continue to increase approximately linearly when
reducing conditions are stable and persistent for a long time. This behavior is consistent

with different processes, including (a) iron oxides redissolution; (b) release of aqueous
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complexes bound to organic matter during the prior oxidizing stage; and (c) release of
aqueous complexes from anaerobic degradation of organic matter.

A good correlation between As and Fe concentrations is evidenced, similarly to the
case of solid matrix A. This supports the idea that As mobility strongly depends on Fe
dynamics also in the presence of organic matter, in agreement with Redman et al. (2002).
This behavior could be related to a large availability of adsorption sites that could adsorb
large quantities of As under oxidizing conditions. Conversely, the adsorbed As could be
remobilized when a reducing environment is created.

Occurrence of dissolved As species at the field scale might then be related to
dissolution processes that could have occurred in the aquifer according to different
mechanisms, such as dissolution or desorption. Arsenic concentration can then be fixated
onto vegetal matter. A further change of the local groundwater redox state to reducing
conditions induced by natural causes or anthropogenic activities could remobilize As,
increasing resident concentrations.

It should also be noted that As concentrations observed in solution during the third
experimental stage are larger than those associated with the first reducing stage despite
similar reducing conditions are attained. The evidences stemming from these experiments
highlight that this mechanism could depend on the duration and strength of the transition

between different redox stages.

3.3.3 Solid matrix B (sand)

Fig. 3.7 depicts the XRD results for solid matrix B, revealing that the sand sample is
mainly composed by quartz (53%), calcite (18%), feldspar (10%), plagioclase (8%),
gypsum (5%), chlorite (3%) and mica (3%). The peak at 2-Theta = 21° could be consistent
with the presence of goethite at trace levels that, together with quartz, could adsorb As
(Smedley and Kinniburgh, 2002 and references therein). As for matrix A, the significant
occurrence of quartz is consistent with the arsenic concentration measured in the solid

matrix (see Table 3.4).
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Fig. 3.7 — Results of the XRD analysis performed on solid matrix B (sand).

Fig. 3.8a shows the temporal dynamics of ORP and pH measured during the test. The
reducing and oxidizing steps can be clearly identified. The solution displays a limited pH
variation in the range 7.0 + 8.2. Once the target ORP value is achieved (= 150 mV,
positive or negative depending on the stage), the system was left free to evolve naturally
and the ensuing ORP and pH trends can be considered as the result of naturally occurring
processes.

The corresponding depiction of dissolved As and Fe concentrations observed during the
experiment is reported in Fig. 3.8b, together with the recorded ORP values. As observed
for matrix A, arsenic release from the crystalline structure of As-bearing minerals is
facilitated by sharp changes from oxidizing to reducing conditions and in the presence of a
persistent reducing environment (about 48 hours in this test). The key role of iron on As
mobility in both reducing and oxidizing conditions is confirmed also in this test by the
good correlation (excluding values during the transition to oxidizing stage at about 25
hours from the beginning of the test) between As and Fe, as observed also for matrix A.

Mechanisms of As and Fe release evidenced for matrix A are also consistent with
released concentrations observed in this test, an exception being given by values measured

at about 25 hours from the beginning of the test.
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Fig. 3.8 — (a) Temporal variations of ORP and pH during the test on solid matrix B (sand);
(b) ORP, Fe and As (X 10) concentrations. Solid and dashed lines are drawn for visual aid.

Matrices A and B are characterized by different behavior with reference to Fe
concentrations during the transition to oxidizing stage. Arsenic adsorbs on Fe(IIl) oxy-
hydroxides in an oxidizing environment, switching to the less mobile specie (i.e., As(V)).
A reduction of As concentrations in water is therefore observed. A corresponding decrease
of Fe concentrations was expected because Fe precipitates as Fe(IIl) under oxidizing
conditions and form complexes that may adsorb As and immobilize Fe, thus reducing Fe
concentration in water. The upward trend observed in Fe concentrations during this
transition appears to be consistent with the possible release of iron from the oxidizable

fraction (i.e., organic matter and sulfides), considering that this test is associated with

I
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redox values which are much larger than those associated with tests performed on solid
matrices A and C. Iron release masks the concurrent precipitation of iron in oxides /
hydroxides form which results in an increase of dissolved Fe concentrations despite the
presence of oxidizing conditions. Arsenic concentrations observed at the end of the test are
larger than those measured for matrix A and are consistent with the larger (about twice)
As content detected in matrix B (see Table 3.4). Iron concentrations measured in this test
are lower than those detected with matrix A, consistent with lower Fe content occurring in
matrix B (see Table 3.4) and with the shorter persistence of reducing conditions in this

test.

3.3.4 Solid matrix C (silt)

XRD results for solid matrix C are depicted in Fig. 3.9. These reveal that the silty
matrix C is chiefly composed by: quartz (35%), gypsum (17%), calcite (10%), mica
(10%), plagioclase (10%), chlorite (10%) and feldspar (8%). The occurrence of quartz and
the presence of goethite at trace levels, consistent with the peak at 2-Theta = 21°, are in

agreement with As concentration measured in the solid matrix (see Table 3.4).
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Fig. 3.9 — Results of the XRD analysis performed on solid matrix C (silt).

Fig. 3.10a displays the temporal dynamics of ORP and pH measured during the test.

The reducing and oxidizing steps can be clearly identified. The solution displays a small
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pH variation in the range 7.0 + 8.4. Once the target ORP value is achieved (= 150 mV,
positive or negative depending on the stage), the system was left free to evolve naturally

and the ensuing ORP and pH trends can be considered as the result of naturally occurring

processes.
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Fig. 3.10 — (a) Temporal variations of ORP and pH during the test on solid matrix C (silt);
(b) ORP, Fe and As (x 1000) concentrations. Solid and dashed lines are drawn for visual

aid.

Fig. 3.10b depicts Fe and As concentrations measured in solution as a function of the

sampling time together with the corresponding ORP. Arsenic and iron trends during this

——
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test are similar to those observed in the other experiments presented, consistent with the
previously described mechanisms governing As and Fe trends.

Despite the different features (e.g., particle size) characterizing matrices A and B (i.e.,
sands) and matrix C (i.e., silt), which result in different adsorption/desorption capacities,
the key mechanism triggering arsenic release/adsorption in this test is confirmed to be the
abrupt and rapid change of redox conditions. As in the tests previously discussed, this
leads to increased arsenic concentrations when reducing conditions are persistent.

Values of As concentrations released from solid matrix C are close to those released
from solid matrix B (note that an amount of solid matrix C which is lower than that
associated with matrix B is used in the test). This is consistent with the larger As content
occurring in solid matrix C (see Table 3.4) and highlights the potential of As
adsorption/desorption capacity characterizing this solid matrix. This process is mainly
linked to the observation that silt matrices (i.e., matrix C) are associated with a higher
specific surface than sand (i.e., matrices A and B) due to differences in particle sizes.

The amount of As released at the end of the test is very close to the limiting value
indicated by Italian regulation (10 ug/L), even as (a) a reduced amount of solid matrix is
being employed (as compared to the other tests performed), and (o) the duration of the
reducing stage was shorter than that considered for matrix A. This highlights the
significant role that the occurrence of the fine solid matrix C could play in the

determination of local arsenic concentrations in groundwater.

3.3.5 Comparative analysis between the matrices tested

Comparison of figures 3.5 and 3.6 reveals that the amounts of As released from solid
matrices A and D is very different despite they were sampled at the same depth. This is
consistent with the observation that the As content in solid matrix D is 15 times larger than
that detected in solid matrix A (see Table 3.4). These differences highlight the significant
role of vegetal matter in the large As concentrations observed in the groundwater in the
study area (Molinari et al., 2012 and references therein). Vegetal matter appears to show
high As binding capacity during the transition to the oxidizing stage when As
concentrations in water decreases by about 100 pug/L (Fig. 3.6).

Fig. 3.11 juxtaposes the dynamics of As released concentrations monitored during the
tests on matrices A and D. The matrices sampled at the same depth display qualitatively

similar dissolved As trends during the various stages of the test. Note that solid matrix A
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contains a small amount of vegetal matter, associated with the particle size fraction
smaller than 2 mm. This could result in an amplification of the mechanisms that govern As
mobility in sandy aquifers systems. Considering that most aquifers comprise sand with a
little amount of organic matter (peat or vegetal matter), these findings are of potential use
in the framework of groundwater quality management because the detection of a
significant amount of vegetal matter in a given aquifer area could be consistent with high
As concentrations detected in groundwater. From the perspective of a field scale scenario,
induced non-uniform flows caused by pumping could also contribute to redox variations

with time and subsequent increase of dissolved As concentrations.

As(ng/L) -A Asrelease comparison As(ug/L)-D

4 —o— Solid matrix A, pH [6.9-7.7] 400
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Fig. 3.11 — Comparison between As release observed during the tests on solid matrices A
and D (note the different vertical axes).

As mentioned in Section 3.2.2, solid matrices A and D have been collected from a
monitoring well which was included in 2008 in the ARPA groundwater monitoring
network. Record of As concentrations are available in this monitoring well from 2008 to
2011 and can be compared with the aqueous concentrations measured during the tests.
Dissolved As concentrations detected in the borehole vary from 2 to 74 pg/L while range
between 1.3 and 4.2 pg/L and between 12.6 and 360 ug/L during the test performed
respectively on solid matrices A and D. Measured dissolved concentrations depend on
solid-liquid ratio adopted during the tests which is different from that observed in the

field. Other processes occurring in the presence of advective-dispersive field-scale
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processes do not allow to directly transfer the observed laboratory scale concentration
levels to field scale. However, these findings suggest that field-scale concentrations could
be considered as some weighted contributions from the two solid matrices A and D. The
relative weights associated with the two matrix components are proportional to the local
volumetric fraction of each matrix in the porous medium. This conceptual picture is also
consistent with the hypothesis that the occurrence of vegetal matter can amplify As
concentrations released from a sandy matrix.

Values of pH measured in the field range between 7.3 and 8.3. The observed pH
variations during the experiment range between (a) 6.9 and 7.7 or (b) 3.9 and 5.2,
respectively for solid matrix A and D. Measured pH values during the test can be
considered as representative of natural pH conditions occurring in the field under the
assumption that the aquifer is mainly constituted by the analyzed solid matrix. In this
sense, solid matrix D plays only a limited role to lower the total observed pH due to its
intrinsic acidic features. This mechanism is consistent with the observation that, while
there might be additional reactions which can affect pH, the pH range observed in the field
under redox conditions similar to those associated with performed laboratory experiments
is very close to that of solid matrix A where only a little amount of vegetal matter is
found.

Even as the duration of the stages considered for the test performed on the different
matrices are different, comparison of the observed As dynamics (Fig. 3.5, 3.6, 3.8 and
3.10) highlighted that all solid matrices tested are characterized by the same general
behavior and different order of magnitude of the observed dissolved concentrations. The
latter evidence is consistent with the different As content of the matrices considered.

Close comparison between matrices C (silt) and D (vegetal matter) seems to highlight
the same pseudo-logarithmic trend of As concentration during the third reducing stage.
This observation evidences that fine and vegetal matrices, which are respectively
characterized by large specific surface and large number of available adsorption sites, can
release As with similar mechanisms in the presence of persistent reducing conditions.
Released As concentrations appear to display similar trends under aerobic and anaerobic
conditions for matrices A and B (i.e., which are characterized by the same composition,

i.e., both of them are sands).
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3.3.6 Selective sequential extractions results for the tested solid matrices

Fig. 3.12 reports the results of SSE for the solid matrices analyzed. It is clear that As
content in solid matrix D is larger than that observed in the other matrices. Matrix A,
which was sampled at the same depth of solid matrix D (i.e., 48.4 m), is characterized by a
total As concentration which is about 9 times lower than that observed for vegetal matrix
D. This underlines the high As binding capacity of organic matter.

Solid matrices A and B, which are both sands and are respectively sampled at 48.4 m
and 73.5 m depth, display a different behavior with reference to As partitioning in
extracted fractions and total As content. The latter is more than two times larger for matrix
B than for matrix A. This highlights that the same type of solid matrix can result in
different As content and fractioning along a given core. Note that matrix B has been

collected close to the bottom of the aquifer.

As (ug/g)
0 100 200

Al B FI: water soluble
i m FII: carbonates

FIII: Fe & Mn oxihydroxides
m FIV: Fe & Mn oxides (crystalline)

c 'B ¥ FV: organic matter
FVI: sulphide

D B FVII: residual phase

solid matrix
los]
[ |

Fig. 3.12 — Arsenic partitioning in solid matrices A, B, C and D.

Table 3.7 reports the relative proportion of As content in each extracted fraction and for
all solid matrices analyzed. These results highlight that amorphous and crystalline phases
constitute the most important fractions governing As partitioning in all samples. The key
role of amorphous phases on As adsorption is clearly evidenced from the percentages of
fraction FIII which represent the largest contribution in all solid matrices (these exhibit
values larger than 50% for matrices A, B and D and larger than 30% for matrix C). The
amount of As associated with Fe and Mn oxides and representing the crystalline fraction is
also significant for all solid matrices, with the exception of the silty matrix C, where

notable contents of this fraction are not evidenced.




- CHAPTER 3 -

Negligible As was found in fraction FI, which represents the rapidly exchangeable
fraction in water. This supports the idea that that solid-water interaction is not sufficient to
trigger As release. Arsenic association with carbonates is very poor for solid matrices A, C
and D, while being only slightly significant for matrix B. Considering matrices A, B and
C, one can note that increasing As concentrations were found in fractions FV (organic
matter) and FVI (sulphide), consistent with the existence of predominant anaerobic
conditions which take place at increasing depths along the sampling borehole.

Even as A and D matrices are characterized by similar percentages of As occurrence in
the FII and FIV fractions, consistent with the observation that both samples were
collected at the same depth (i.e., 48.4 m), the percentage of As found in the FV fraction of
matrix D is 10 times larger than that observed in matrix A. This suggests that organic
matter is characterized by As binding capacity which is larger than that related to sand.
This is a particularly important observation when considering scenarios where these two

matrices are in contact with paleo-waters which can be rich in dissolved As.

Table 3.7
Percentage of As content in each extracted fraction for the solid matrices analyzed.

Solid matrix

A B C D Fractions

0.1% 04% | 0.05% | 0.2% M FI: water soluble

0.1% 7.1% 0.1% | 0.02% | M FI: carbonates

56.1% | 51.0% | 33.7% | 52.0% FIII: Fe & Mn oxihydroxides

29.9% | 21.4% | 7.4% | 32.1% | MFIV: Fe & Mn oxides (crystalline)

14% | 7.5% | 26.0% | 13.1% | M FV: organic matter

27% | 81% | 23.0% | 1.7% FVI: sulphide

97% | 45% | 9.8% | 0.8% FVII: residual phase

Table 3.7 highlights the different behavior of silty matrix C when compared against the
other matrices tested and quantified in terms of (a) As partitioning (resulting in significant
As association with low crystallinity phases as well as with organic substrates and
sulphide fractions), and (b) fine granulometric composition. Comparison between matrices
A and D seems to reveal that the significant differences observed for As adsorption be due

to the capacity of matrix D to bind As in the FV fraction. This enhances dissolved As

enrichment when the matrix is in contact with water.
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3.4. Conclusions

Key aims of the experimental characterization of the sampled matrices were (a) the

investigation of the high As concentrations detected at some sites within Emilia-Romagna

aquifers, and (b) the assessment of the possibility to relate these to real field redox

conditions dynamics acting on in situ solid matrices. For this purpose, arsenic partitioning

in different solid fractions occurring in the tested matrices were also analyzed and the

trend and magnitude of As release from four specific natural solid matrices was explored

by a set of batch experiments performed under alternating redox conditions. The

experiments lead to the following major conclusions:

e [aboratory scale experiments show a distinct correlation between temporal

dynamics of aerobic/anaerobic conditions and As release into the solution. Iron is
associated with release trends from the tested solid matrices which are quite similar
to those of As. These observed trends are driven by sudden changes of redox
scenarios and as well as by temporally sustained redox conditions.

The high As content observed in the vegetal matter tested, as compared to values
characterizing sand A at the same depth, highlights the large binding capacity of
organic matter. As a consequence, the occurrence of vegetal matter in an aquifer
can enhance the release of As in groundwater. This evidence suggests the need to
quantify the actual contribution of organic matter on real concentrations detected
in groundwater bodies for the characterization of areas with potential high As
concentration content.

Arsenic is released faster from organic matter than from As-bearing minerals. This
suggests that a significant occurrence of organic matter in groundwater could lead
to different behaviors of aquifers in terms of temporal dynamics of dissolved
species concentrations in the presence of time-varying redox conditions.

Arsenic concentrations released from silty matrix C highlight the potential role that
the presence of this solid matrix could play in the occurrence of high local As
concentrations in groundwater, consistent with the large specific surface which
characterize this fine solid matrix (note that the test performed on matrix C was
associated with a smaller amount of solid matrix than that characterizing the
experiments performed on matrices A and B).

Total observed As concentration at the field scale in the target aquifer system could
be mainly driven by (a) the amount of adsorbed As on the different solid matrices

and (b) the relative fraction of each matrix occurring in the system.
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e To obtain results close to natural concentrations measured in a given groundwater
body, experiments should be performed employing solid matrices and water
collected at depths which are consistent with those of the target water body and
relying on observation boreholes which are not influenced by anthropogenic
activity.

* High As concentrations detected in Emilia-Romagna could be consistent with the
high natural content of this metalloid which is prevalently adsorbed on vegetal
matter and mobilized by variations in redox conditions.

Selective sequential extractions highlighted the existence of different As fractions
within the tested solid matrices. The fractioning study leads to the following key
conclusions:

e Low crystallinity and crystalline phases are the most important fractions governing

As partitioning within a given solid matrix.

¢ Organic matter (i.e., vegetal matter) displays the largest binding capacity, when
compared against sandy and silty matrices. This can lead to large As content when
matrices characterized by considerable vegetal matter content are in contact with

paleo-waters which are rich in dissolved As.
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CHAPTER 4

Geochemical modeling of Arsenic release and partitioning in

natural soils

4.1. Introduction

The results obtained from the batch tests described in Chapter 3 enable one to
understand the overall mechanisms governing arsenic release from different solid matrices
when redox conditions change over time across a range of values consistent with real field
evidences. Batch tests do not allow to (a) evaluate the details of the relative contribution
of minerals and/or organic fractions, which constitute the solid matrix of the host porous
medium, to As mobilization, and (b) clearly identify the role played by the main solid
phases that occur in aquifer systems in addition to iron related phases, on pH and redox
dynamics which ultimately trigger As release. Mathematical modeling of experimentally
observed trends can assist to improve the knowledge of these processes and define a
conceptual picture enabling one to improve the description of the key physico-chemical
processes that could take place in the natural environment investigated.

Geochemical modeling of processes involving As bearing solid matrices is employed
for several applications, including the determination of factors controlling As distribution
in the soil-water environment (e.g., Davis et al., 1994; Lumsdon et al., 2001), the impact
of competitive adsorption on As release (Gao and Mucci, 2001), the estimation of
geogenic elements concentrations in uncontaminated cores to define remediation strategies
in contaminated areas of the same aquifer (Stollenwerk and Coleman, 2003), the
evaluation of the chemical composition of water in monitoring wells (Armienta et al.,
2001), the assessment of potential sources/sinks for As release/retention (e.g., Welch and
Lico, 1998). Geochemical models are typically supported by experimental information
stemming from different sources, depending on the processes investigated and the
available instrumentations. For example, modeling can be supported by sequential
extractions (e.g., Parkhurst, 1995; Stollenwerk and Coleman, 2003), batch experiments
(Gao and Mucci, 2001), electron microprobe analysis (EMPA) (Davis et al., 1994), X-ray
absorption spectroscopy (XAS) (Schreiber et al., 2000), scanning electron microscopy
(SEM)/energy dispersive spectroscopy (EDS) (Carrillo-Chavez et al., 2000) to obtain
robust and physically based results.
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Modeling of reactions that could occur in a gas/water/rock system basically relies on
two approaches, respectively considering (a) chemical equilibrium or () kinetic behavior.
Approaches based on system equilibrium assume that reactions are very fast
(instantaneous) as compared to groundwater residence time but do not provide information
about the time required to reach equilibrium or the way the system changes along the
reaction path. Kinetic approaches consider the time evolution of reaction rates that involve
mineral phase residing in the groundwater system and explicitly embed the possible
reactions that could occur along chemical pathways (Langmuir, 1997; Sracek et al., 2004).
The thermodynamic equilibrium approach is frequently employed in geochemical
modeling because, in the absence of significant anthropogenic alteration, concentration of
dissolved species tends to remain approximately constant over time scales of hundreds of
years for most deep confined groundwater bodies and for some deep unconfined systems
(Langmuir, 1997). The kinetic approach has been applied to natural systems to a lesser
extent because reaction rates between minerals and groundwater are difficult to predict
due to (a) their dependence on the surface characteristics of mineral grains, (b) occurrence
of adsorbed trace substances on mineral surfaces, and (c) possible activities of biological
organisms (Berner, 1978) which are seldom quantifiable in a reliable and robust way. The
limited ability to accurately measure the wetted surface areas of reacting minerals in soil-
aquifer systems (White and Peterson, 1990), or to account for complex mineral-surface
effects, such as catalysis, hampers the rigorous application of kinetic concepts to reactive
processes developing in groundwater bodies (Langmuir, 1997). At the same time, it is
noted that reactions involving minerals, organic substances and other reactants often do
not reach equilibrium within the time frame of a laboratory scale experiment. Therefore,
mathematical modeling of, e.g., dissolution/precipitation processes involving target solid
phases through laboratory experiments often relies on a kinetic approach (Parkhurst and
Appelo, 1999).

Mathematical modeling of geochemical dynamics of a given system can involve the
calculation of saturation indices (SI) of a water sample with respect to different minerals.
When SI > 0, water is supersaturated with respect to the mineral and the mineral phase
could precipitate; when SI < 0, water is undersaturated with respect to the mineral and this
mineral could dissolve. When SI=0 water is at thermodynamic equilibrium with respect to
the mineral (Langmuir, 1997).

Examples of computer codes usually employed for geochemical modeling include

MINTEQA2 (Allison et al., 1991), PHREEQC (Parkhurst, 1995) and PHREEQC-2
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(Parkhurst and Appelo, 1999), NETPATH (Plummer et al., 1994), GEOSURF (Sahai and
Sverjensky, 1998), FITEQL 4.0 (Herbelin and Westall, 1996; 1999), ECOSAT (Keizer
and Van Riemsdijk, 1996). Differences between these codes are chiefly due to some
aspects such as the thermodynamic databases employed for aqueous speciation
calculation, the complexation models used for sorption simulation and chemical
equilibrium constants, the type of solver employed for the computations (Sracek et al.,
2004).

Recent studies (e.g., Sharif et al., 2008; Nath et al., 2009) evaluate the role of lithology
and mineral species on As distribution in sub-surface environments to understand the
mobility and distribution of chemical species (e.g., As, Fe and Mn) in groundwater. Redox
conditions (i.e., aerobic/anaerobic) is the most influential factor on speciation and,
therefore, mobility of metals and metalloids such as As (Frohne et al., 2011). Redox
conditions can vary as a consequence of changes in wetting conditions of minerals in soil-
aquifer system. Laboratory studies showed that As is released from sediments following
flooding and subsequent development of anaerobic conditions (e.g., Deuel and Swoboda,
1972; Hess and Blanchar, 1977; McGeehan, 1996). Considerable studies (e.g., Harvey et
al.,, 2006; Alexandratos et al., 2007; Jonsson and Sherman, 2008) evaluate adsorption
and/or kinetics of elements such as As on various mineral phases. On the other hand, no
studies appear to report analyses of dissolution/precipitation rates of minerals typically
occurring in natural systems (e.g., scorodite, arsenopyrite, ferrihydrite, magnetite) and
amenable to influence As dynamics in the presence of different and alternating redox
conditions consistent with values measured at field scale. In this context, this study
analyzes As dynamics and the behavior of ferrihydrite, rhodochrosite, pyrolussite, calcite
and organic matter occurring in a natural aquifer which is subject to changes in
aerobic/anaerobic conditions. The solid phases considered in this study typically occur in
the groundwater system of Emilia-Romagna, as evidenced by the results of selective
sequential extractions presented in Section 4.3.1. The geochemical model here presented
provides valuable information for future groundwater modeling researches aimed at
investigating geochemical behavior in natural environment subject to redox changes due
to anthropogenic activities and/or natural processes. The relevance of this work is that rate
parameters are calibrated on the basis of experimental concentrations obtained from a
batch test employing natural solid matrix of a given aquifer and is part of a comprehensive
effort aimed at investigating the natural background levels of As concentrations detected

in a groundwater body located in the Emilia-Romagna Region, Italy.
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This Chapter illustrates the development and application of a mathematical
geochemical model which can interpret the trends observed during the batch experiments
involving solid matrix A and described in Chapter 3. Modeling is supported by the results
of selective sequential extractions (SSE) performed on the soil matrix considered. The
model allows reproducing the main experimental trends observed for As, Fe, Mn, redox
and pH during the batch test and enable one to (a) discriminate the role of the different
solid phases analyzed on the overall geochemical dynamics observed during the test, and

(b) obtain a robust characterization of the geochemical system under investigation.

4.2. Materials and methods
4.2.1 Modeling software

Modeling of the geochemical processes under investigation has been performed in the
framework of PHREEQC-2 (version 2.18.3-5570) (Parkhurst and Appelo, 1999) platform
to simulate the geochemical reactions taking place in the experimental microcosm
described in Chapter 3 and evaluate the role of different solid phases on redox and pH
changes which might trigger As release.

PHREEQC is a geochemical program which can be applied to interpret several
hydrogeochemical environments. It is based on equilibrium chemistry of aqueous
solutions interacting with minerals and gases and has the capability to model kinetic
reactions with rate equations that can be specifically defined for particular cases. The
computational framework offered by PHREEQC is useful to calculate the distribution of
aqueous species when one or more solid phases are brought into contact with water. In this
work, modeling was performed on the basis of the Minteq.v4 database (Allison et al.,
1991), which was modified when required. The most significant modifications to this
database include (a) the implementation of a specific solid phase enriched in As which is
built on the basis of ferrihydrite dissolution reaction available in the Minteq.v4 database,
and (b) the introduction of reactions describing the decomposition of organic matter and

hydrogen peroxide in water (i.e., reactions R4 and RS reported in Table 4.1).

4.2.2 Selective sequential extraction
As described in Section 3.2.3 of Chapter 3, the methodology proposed by Torres and

Auleda (2013) has been employed to characterize the solid matrix tested. The analysis of
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As partitioning within the seven fractions identifiable by this protocol enables one to (a)
obtain information about the distribution of target chemical species among the different
solid phases associated with the selected solid matrix, (b) highlight the occurrence of solid
phases which provide key restraints to the analyzed species, and (c) evaluate the relative
contribution of each fraction, during the release processes, to the concentration values
observed in the batch test. These findings are critical in the framework of geochemical
modeling because they allow to understand dominant roles of the fractions prone to adsorb
or to release As and the conditions under which these processes can take place in

groundwater.

4.3. Results and Discussion

This Section illustrates the geochemical model and the results associated with its
application to simulate the reactions taking place in the experimental microcosm described
in Chapter 3 when the implemented solid phases are brought in contact with water.
Mineral phases employed in the model have been identified on the basis of main metals
partitioning occurring in matrix A, on the grounds of the SSE study described in Chapter 3

and in Section 4.3.1 of this Chapter.

4.3.1 As, Fe and Mn partitioning for PHREEQC simulation

Fig. 4.1 reports partitioning of As, Fe, Mn and Ca onto solid matrix A. Association
between As and Fe & Mn phases, for both low crystallinity (i.e., FIII) and crystalline (i.e.,
FIV) hydroxides, is clearly evidenced from As fractioning in Fig. 4.1. The SSE results
highlight that more than 80% of As occurring in solid matrix A is bound to these two
fractions (FIII and FIV) and that low crystallinity hydroxides bear more As than
crystalline oxides. Therefore, large As concentrations are expected in solution when these
two phases are subject to dissolution. Arsenic in the analyzed solid matrix is not
associated with carbonates and its occurrence in organic matter and sulphide fractions is
negligible.

SSE results reveal that Fe basically occurs in low crystallinity hydroxides, crystalline
oxides and sulphide fractions where the crystalline fraction is the largest one. It is also
noted that about 80% of the total Mn occurring in the solid matrix is present as carbonates

with minor proportion of low crystallinity and crystalline oxides. Similarly to Mn, Ca is
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mostly present as carbonate. The large occurrence of carbonates binding Mn and Ca in the
analyzed solid matrix A suggests the need to include the effect of these minerals in the
model, because they can have an important pH buffering role and their occurrence is

consistent with the non significant pH variations observed along the experiment.

0 10 20
0 20000 30000
10000 B FI: water soluble
Fe (ug/g) B FII: carbonates

B FIII: Fe & Mn oxihydroxides (low crystallinity)

0 200 400 600 800 m FIV: Fe & Mn oxides (crystalline)

Mn (ug/g) B FV: organic matter

B FVI: sulphide

0 20000 40000 60000 FVII: residual phase

Fig. 4.1 — Partitioning of As, Fe, Mn and Ca in solid matrix A as a result of sequential
extractions.

4.3.2 Modeling settings

Four mineral phases, one aqueous phase and the occurrence of organic matter have
been implemented in the geochemical model to reproduce the main trends observed during
each stage of the batch test.

Consistent with the observation that As mainly occurs in Fraction FIII of the SSE, As
enriched ferrihydrite (Fe(OH)s;), which is a low crystallinity mineral phase, was
considered to model As and Fe concentrations detected along the test.

Organic matter, simulated as CH,0, rhodochrosite (MnCO3), calcite (CaCOj3) and
hydrogen peroxide (H,O,) (the latter being used only for the oxidizing stage) were
included in the model to mimic pH and ORP (oxidation reduction potential) changes
during the three stages of the test. Moreover, Mn concentrations were simulated upon
considering also dissolution/precipitation of pyrolusite (MnO,), consistent with the results
of sequential extractions (Fig. 4.1) and the occurrence of a fraction of Mn associated with
oxides.

Redox and dissolution/precipitation processes involving the implemented solid phases

through the experimental stages were simulated with a kinetic approach to take into

——
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account the observation that minerals, organic substances, and other reactants often do not
react to equilibrium in the time frame of an experiment (Parkhurst and Appelo, 1999).

Table 4.1 reports reactions stoichiometries of the solid and liquid phases implemented in

the model.
Table 4.1
Reactions stoichiometries employed in the model.

Reaction stoichiometry Reactant phase
R1 | Fe(OH);(HAsOy) + 3H" + ¢ = Fe™ + 3H,0 + HAsO,~ | ferrihydrite enriched in As
R2 | MnCO; = Mn*™ + CO5~ rhodochrosite
R3 | MnO, +4H" + 2¢ = Mn"* + 2H,0 pyrolusite
R4 [ CaCO;=Ca™ +CO;” calcite
R5 | CH,O +2H,0 = HCO;3 + 5SH" + 4¢ organic matter
R6 | HyO, =0, +2H" + 2¢ hydrogen peroxide

Considering the protocol of the batch test described in Chapter 3, two sub-stages can be
distinguished within each stage due to different stirring conditions: (a) continuous stirring
during the 5 hours following the reactant (i.e., sodium ascorbate and hydrogen peroxide)
injection, and (b) discontinuous stirring for the three samples, respectively collected after
24.0, 32.5, 47.5 hours for phases (1) and (2) and after 24.0, 32.5, 72.5 hours for phase (3).
This resulted in different reaction kinetics within the same stage, consistent with As and
Fe trends observed in the experiment.

The last sample of the test, which was collected after 168 hours from the beginning of
the experiment (i.e., following about 40 hours of non-homogenized conditions), exhibits
the largest As, Fe and Mn concentrations. This is consistent with the occurrence of strong
and persistent reducing conditions leading to oxihydroxides dissolution which evidences
the existence of three different kinetic rates within the third stage. This can also be seen
from Fig. 4.2b and Fig. 4.2c where experimental As and Fe concentrations detected in the
third reducing stage exhibit three different linear trends with three different slopes
supporting the occurrence of three different kinetic rates within this stage of the test.

Experimental values observed at each sampling time were fitted by calibrating the
reaction rates of the implemented reactions and the As/Fe ratio by means of the non-linear
least squares parameter estimation software PEST (Doherty, 2004) in conjunction with
PHREEQC.

Values for initial ORP and pH and initial water composition were set equal to the

observations associated with the first experimental sample collected after about 48 hours

———
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of water/solid matrix contact and before injection of gas and/or reactant. The initial
amount of solid phases was deduced from the results of sequential extractions on the basis

of the fraction of the main element constituting the bulk structure of a given solid phase.

4.3.3 Modeling results

Fig. 4.2 reports the comparison of experimental (solid lines) and simulated (dotted
lines) values of ORP and pH, As, Fe and Mn concentrations in the three stages of the test.
Estimated rate constants of minerals and liquid phases and the corresponding estimation of
confidence intervals are respectively listed in Table 4.2 and Table 4.3. Fig. 4.3 reports the
simulated mineral variations and corresponding saturation index of rhodochrosite,
ferrihydrite, calcite and pyrolusite. Organic matter variation along the simulation is
reported in Fig. 4.4.

Even though the model was able to reproduce the key dynamics observed during the
test, it can be noted that simulated ORP values (Fig. 4.2a) are always lower than their
experimental counterparts in both reducing stages. This is related to the assumption that
modeled ORP values are only the result of organic matter decomposition and mineral
dissolution while O, pressure within the experiment was adjusted by argon and oxygen
injection to guarantee attaining the target ORP value (about -150 mV) during the reducing
stages. The calibration of hydrogen peroxide rate constant allowed an improved ORP
simulation in the oxidizing stage, in terms of relative differences between simulated and
experimental ORP values in the two reducing stages. This behavior is also related to the
observation that the model does not consider the injection of sodium ascorbate because (a)
the amount added is negligible with respect to the amount of slurry in the batch system
(i.e., about 2 mL of reactant in about 1.8L of slurry), and (b) it is assumed that the effect of
sodium ascorbate (which is an organic molecule) injection can also be simulated by tuning

the effective dissolution rate parameter of organic matter.
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Fig. 4.2 — Comparison between experimental and simulated values of (a) ORP and pH, (b)
As, (¢) Fe and (d) Mn concentrations during the three stages of the test.

As a result of the initial reducing conditions, rhodochrosite and calcite dissolve within
the first 5 hours of the test. This dissolution process is consistent with the observed raising
of pH and Mn concentrations (Fig. 4.2a, d). After this time frame, calcite and pyrolusite
dissolution resulted in a slightly supersaturation of rhodochrosite. The latter then
precipitates (Fig. 4.3a) leading to pH and Mn decrease which is associated with ORP
raising (last three points of the first reducing stage in Fig. 4.2a).

On the other hand, a rapid As release (Fig. 4.2b) coincides with a poor increase in
dissolved Fe (Fig. 4.2¢) in the first 5 hours of the test. After this phase (at about 25 hours
from the beginning of the experiment), dissolved Fe concentration increases significantly
and dissolved As concentrations display a reduced rate of increase. These findings suggest
that only the As adsorbed on the Fe-hydroxide surface is initially mobilized and the As
associated with the bulk mineral structure is mobilized only at a later stage.

When the system is reverted to oxidizing conditions, the solution becomes
supersaturated in ferrihydrite. The latter then precipitates and adsorbs As. This leads to a
decrease in dissolved As and Fe concentrations during the first 5 hours of the oxidizing

stage (Fig. 4.2b, ¢). The decreasing trend of dissolved Mn concentrations (Fig. 4.2d)
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observed during this time frame is modeled by assuming occurrence of rhodochrosite
precipitation. This follows from the observation that (a) the saturation index of
rhodochrosite is close to zero at the beginning of the oxidizing conditions (Fig. 4.3a), and
(b) pyrolusite dissolves during the oxidizing stage supplying Mn to the slurry and
triggering rhodochrosite precipitation which, in turn, leads to the Mn decreasing trend
observed at the beginning of the oxidizing stage (at about 50 hours from the beginning of
the experiment). After this decrease, Mn concentrations in solution begin to rise again (last
three points of the oxidizing phase in Fig. 4.2d). This is consistent with subsaturation
conditions (and therefore dissolution) of pyrolusite (Fig. 4.3d) after the first 5 hours of the
oxidizing stage.

The fast As decrease observed during the rapid induced change to oxidizing conditions
is consistent with As adsorption on iron phases which become supersaturated and
precipitate under oxidizing conditions. This fast As decrease is followed by a constant
trend for the remaining part of the oxidizing stage (Fig. 4.2b) consistent with (a) the
stationary trend of Fe concentration in solution (Fig. 4.2c), and (b) the relatively constant
saturation index of ferrihydrite (Fig. 4.3b), the latter being always under supersaturation
conditions during this stage of the test.

While pH is expected to decrease following ferrihydrite precipitation and organic
matter oxidation (Fig. 4.4), it is noted that experimental values increase during the first 5
hours of the oxidizing stage (Fig. 4.2a). This trend is consistent with (a) the significant
calcite dissolution (Fig. 4.3c) at the beginning of the oxidizing conditions, and (b) the slow
dissolution rate of pyrolusite (Fig. 4.3d) within this stage. At about 58 hours from the
beginning of the test, pH decreases to a nearly constant value of 7.2 (last three points
associated with the oxidizing conditions in Fig. 4.2a), consistent with the constant
saturation index of all mineral phases (Fig. 4.3) in this specific time interval and the
buffering role played by pyrolusite dissolution which avoids a significant pH decrease due
to organic matter oxidation.

In the third stage of the test the newly induced reducing conditions lead to
remobilization of Mn, Fe and As, which had been previously precipitated and adsorbed on
oxihydroxides during the oxidizing stage. These reducing conditions result in ferrihydrite
and pyrolusite dissolution, which lead to the increase of dissolved As, Fe and Mn
concentrations which are observed starting at about 95 hours from the beginning of the test
and consistently continuing until the end of the experiment. Close inspection of the

experimental and modeled results reveals that Mn aqueous concentrations initially
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decrease to then display a significant increase at the end of the experiment. This type of
trend is consistent with the different behavior displayed by rhodochrosite (Fig. 4.3a) and
pyrolusite (Fig. 4.3d) at the beginning of the second reducing stage and at the end of the
test. More specifically, pyrolusite dissolves when the system is reverted to anaerobic
conditions and supplies Mn to the slurry triggering rhodochrosite precipitation; on the
other hand, the persistence of strongly reducing conditions enhances pyrolusite dissolution
at the end of the test. This dissolution process is associated with larger rate than that
observed in the preceding anaerobic stages. These Mn dynamics are also consistent with
calcite and hydroxides dissolution which increase pH up to slightly alkaline conditions
(pH = 7.5) and cause rhodochrosite precipitation.

It is observed that under reducing conditions which persist for long time (about 40
hours during the third experimental stage) the calibrated constant rate of organic matter
oxidation (Table 4.2, Stage 3.3) is larger than the dissolution rate of the remaining mineral
phases. Therefore, this causes pH to decrease (last three points of the reducing stage in
Fig. 4.2a). Even if pH decreases Mn and Fe concentrations observed a simultaneous
increase in solution for the first time in the experimental values recorded at the end of the
test. This is consistent with the dissolution of Fe-Mn-oxides, which occurs only at the end

of the test after long persistence of reducing conditions.
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Fig. 4.3 — Simulated mineral variations and corresponding saturation indexes of (a)
rhodochrosite, (b) ferrihydrite, (c) calcite and (d) pyrolusite.
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Fig. 4.4 — Simulated organic matter variations during the test.

Table 4.2 reports estimated rate constants for each mineral and/or liquid phase
implemented in the geochemical model, together with As/Fe ratios considered within each
sub-stage while the corresponding confidence intervals are reported in Table 4.3. The
differences in As/Fe ratio and ferrihydrite rate constant observed in the two reducing
stages are consistent with the observation that Fe and As released in the last stage are the
result of the dissolution of the ferrihydrite which has precipitated in the preceding
oxidizing stage. The calibrated values of ferrihydrite effective rates show that (a) Fe
release due to ferrihydrite dissolution is faster in the third stage than in the first reducing
period, and (b) Fe dynamics during the rapid changes of redox conditions are associated
with the same rate, which displays opposite sign during precipitation (stage 2.1) and
dissolution (stage 3.1), as seen in Fig. 4.2c. Organic matter is associated with a relatively
large effective rate during the rapid change from oxidizing to reducing conditions (i.e.,
stage 1.1 and 3.1). At the end of the test, when reducing conditions persist for long time
(i.e., about 40 hours), organic matter is then characterized by an effective rate which is
about four order of magnitude larger than those observed during the other stages.
Carbonates (i.e., rhodochrosite and calcite) play a complementary buffering role to avoid
excessive pH lowering by organic matter decomposition, as evidenced in Table 4.2.
Hydrogen peroxide is characterized by a constant rate, which is of the same order of
magnitude of the rate associated with organic matter. This highlights the relevance of
considering this aqueous phase for a proper simulation of the behavior of the experimental

microcosm during the oxidizing stage.
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Table 4.2
Estimated rate constants and As/Fe ratios per each sub-stage
STAGE 1 - reducing STAGE 2 - oxidizing STAGE 3 - reducing
sub-stage 1.1 1.2 2.1 2.2 3.1 3.2 33
As/Fe 0.0157 | 0.00007 | 0.0006 0.0005 0.0018 0.0001 0.0001
Krerinydrit 4.0-10" | 8.0-10" [ -2.0-10"° | -50-10" | 2.0-10" | 2.0-10" | 8.0-10"°

(mol- kgw'1 s

(kallOEOChffsiff) 4.0-10° | -1.0-10" | -1.0-10” 5.0-10™ -45-10" | -1.0-10" | 3.0-10"
mol-kgw " s

(mo11.(1§§v231 o) 1.7-10° | 8.0-10" [ 1.0-10° 4.0-10" 1.0-10° | 24-10° | 1.0-10"

(molklggzgvz_l o 2010° | 7.1-10™

(moﬁ:ﬁ o 1.0-10” | 1.0-10" | 1.2-10° 1.0-10™" 3.0.10° | 47-10" | 1.0-10™
Keyrolusie 24107 | 1.0-10"” | 1.0-10" | 95.10" | 9.0-10" | 9.0-10" | 2.9-10™

(mol'kgw'1 s'l)

Note: negative k denotes precipitation




- CHAPTER 4 -

Table 4.3
Confidence intervals of the estimated rate constants per each sub-stage

STAGE I - reducing

STAGE 1II - oxidizing

STAGE III - reducing

sub-stage 1.1 1.2 2.1 2.2 3.1 3.2 33
confidence lower upper upper upper upper upper lower upper lower upper
lower limit lower limit lower limit lower limit

limit limit limit limit limit limit limit limit limit limit limit
Keerrinydrite 235107 2.43.10° | -8.70-10°  1.03-10° | -3.25- 10" 4.30-10"° | -2.54-10"° 2.64-10"°| -1.74-10"° 5.72:10"° | 1.12-10"° 2.86-10"° | -6.14-10° 7.74-107
(mol-kgw s™)
k .

Rhodochrosite | 1 71,102 171.102 | -8.29-10°  829.10° | -1.57-10° 1.57-10° | -6.11-10°  6.11-10% | -5.66-10*  5.66-10* | -9.79.-10° 9.79-10° | -5.21.10° 5.21-10°
(mol-kgw™ s™)

Kerno 2.57-10% 257107 | -1.24-10° 1.24-10% | -1.58-10° 1.60-10° | -3.31-10* 3.31-10* | -3.77-10° 3.77-10° | -1.48-10* 1.48-10* | -1.19-10° 1.21-10?
(mol~kgw’1 s

k

H202 -1.80-10°  1.81-10° | -8.33-10° 8.33-10°
(mol-kgw! s

k .

Calcite 8.64-10° 8.64-10° | -2.92:-10° 2.92-10° | -1.33-10° 1.33-10° | -6.03-10° 6.03-10° | -4.38-10° 4.38-10° | -3.76-10° 3.76-10° | -2.60-10° 2.60-10°°
(mol-kgw s

k .

Pyrolusite |1 71,102 1.71-102 | -8.29-10° 829-10° | -1.57-10° 157-10° | -6.11-10°  6.11-10° | -5.66-10*  5.66-10* | -9.79.-10° 9.79-10° | -5.21.10° 5.21.10°

(mol-kgw! s
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4.3.4 Modeling implications

Modeling results highlight that two forms of As are released during the second
reducing stage (Fig. 4.2b): (1) As adsorbed on outer surface of oxihydroxides minerals,
and (2) As included in the bulk structure of low crystallinity phases. Thus, As
concentrations are observed to raise faster when the system is switched to reducing
conditions, suggesting that the As adsorbed on external surface of oxihydroxides minerals
was completely released. Then, at the end of the test, after long persisting reducing
conditions, high Fe and Mn concentrations and As were detected in water, suggesting
release of As included in the bulk structure of low crystallinity phases.

Simulated As concentration are generally in good agreement with experimental
concentrations with the exception of As dissolved concentration simulated at the end of
the test (Fig. 4.2b), which is lower than its experimental counterpart. The observed
difference in final As concentration could be due to (a) the modeling assumption that the
As/Fe ratio for ferrihydrite is the same in sub-stages 3.2 and 3.3 (see Table 4.2) while,
after about 40 hours of reducing conditions without stirring, a different value for this ratio
may have occurred and (b) the occurrence of a possible contribution of other oxides to As
release, e.g., contributions stemming from Mn phases binding As, that could occur in
solution but are not considered in the proposed model. The latter point is supported by the
results of SSE on Mn partitioning in solid matrix A (see Section 4.3.1). It is also consistent
with the observation that Mn and Fe display similar trends in the last part of the test (while
displaying opposing trends during the preceding phases) with a significant increase in
dissolved concentration values, suggesting that this raise could be due to the occurrence of
the same type of mineral, such as hydroxides restraining As, which are not contemplated
in the model. This observation suggests that the role of Mn oxides on As release could be
significant for long time scales of interaction between water and solid matrix in a strongly

reducing environment.

4.4. Conclusions

The simplified geochemical model presented, supported by evidences from selective
sequential extractions analyses, is shown to be capable of reproducing (both qualitatively
and quantitatively) the main experimental features characterizing the As, Fe, Mn and
redox/pH trends observed during the batch test performed on solid matrix A and described

in Chapter 3. Interpretation of modeling outputs provides key information for improved
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understanding of the mechanisms and geochemical processes governing the system under
investigation. Effective rate parameters calibrated in this study are of potential use for
future researches involving modeling of As dynamics within large scale aquifer systems.
The work leads to the following major conclusions:

1. Arsenic is significantly associated with low crystallinity and crystalline Fe-Mn-
oxyhydroxides. These phases represent about 80% of the total As occurring in the
tested solid matrix. Therefore, large As release is expected when the low
crystallinity phases are subjected to dissolution.

2. Arsenic dynamics appear to be governed to a large extent by Fe than Mn even as
the role of Mn oxides could be significant for long time scales of interaction
between water and solid matrix in strongly reducing environments.

3. Arsenic is released firstly from the outer surface of Fe-oxihydroxides minerals,
displaying a rapid rate when redox conditions change rapidly. It exhibits large
concentrations in water when persistent reducing conditions trigger the crystalline
structure dissolution of the binding mineral.

4. Tron dynamics during rapid changes in redox conditions follow the same (but with
opposite sign) rate.

5. The presence of organic matter strongly affects pH and redox conditions, thus

influencing As speciation and mobility.
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CHAPTER 5

Conclusions

A major aim of this research was the investigation of arsenic partitioning and dynamics
on the assessment of groundwater background levels of this metalloid in target aquifers of
the Emilia-Romagna Region, Italy. This analysis is critical to provide a proper
classification of the chemical status of the selected aquifers. The research goals were
achieved through the implementation and application of mathematical and experimental
approaches. These have allowed to acquire improve understanding of the mechanisms
governing the complex geochemical dynamics of arsenic which led to the large hot-spot
concentrations detected in some of the target groundwater bodies.

Global statistical methodologies highlighted that the analyzed groundwater bodies are
characterized by different responses, in terms of estimated NBLs, with respect to a given
chemical species. This supports the need to assess NBLs of target species separately for
each identified water body.

Consistent with (a) the decreasing amount of withdrawals with depth and (b) the effect
of natural attenuation processes, up to about 40 m depth estimated NBLs were found to
increase with the average depth of the investigated water bodies for all chemical species
analyzed. Estimates associated with different temporal aggregation windows evidenced
that NBLs can display different temporal dynamics within the observation time frame.
This result stresses the need for continuous monitoring of water bodies to update the
associated NBLs as a function of the temporal dependence of both anthropogenic impacts
and natural processes occurring in the subsurface. A notable weakness of the global
statistical methodologies employed is the inability to embed the physico-chemical
dynamics of species which could be the result of natural processes and might influence
NBLs.

Experimental characterization of arsenic dynamics (i.e., partitioning and mobility) has
been performed on the natural solid matrices investigated. The experiments showed a
distinct correlation between temporal dynamics of aerobic/anaerobic conditions and
arsenic release into the solution. Even as iron minerals phases (low crystallinity and
crystalline) were found to strongly influence arsenic dynamics, the largest arsenic release

were observed from vegetal matter. The latter releases the metalloid faster and with larger
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concentrations detected in Emilia-Romagna aquifers could be consistent with the localized
occurrence of vegetal matter which releases arsenic as a consequence of redox changes.

Modeling study evidenced that large dissolved arsenic concentrations should be
expected when the low crystallinity phases (associated with Fe and/or Mn) are subject to
dissolution. It was noted that Fe minerals appear to govern arsenic dynamics for short time
scales while Mn phases can contribute significantly to arsenic release over long time
scales.

This work evidenced the importance of grounding NBL estimates on the actual
geochemical dynamics governing the behavior of target chemical species to provide a
proper assessment of the chemical status of a given aquifer. This observation is supported,
e.g., by the results obtained with reference to ammonium. The latter is characterized by
background values which are about 10 times larger than the limiting value imposed by
current Regulations in the deepest water body analyzed due to the large natural occurrence
of decomposed peats. In the case of arsenic, the localized occurrence of vegetal matter,
which was found to strongly influence the geochemical dynamics of the system, suggested
that the large arsenic concentrations detected in the analyzed water bodies can be
considered strongly related to particular local natural conditions.

The complex geochemical dynamics and partitioning characterizing arsenic behavior in
the tested solid matrices evidenced that arsenic natural background levels depend on the
local processes occurring at the micro-scale which are clearly not embedded within an
estimation process based only on global statistical methods. It is concluded that estimates
of NBLs of chemical species such as arsenic need to be performed by considering real
field conditions to assure consistency with the hydro-geo-chemical behavior of the tested

aquifer.
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